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ABSTRACT:
This dissertation describes several studies of 
groundwater quality, the fate and transport of nutrients and 
atrazine in groundwater systems and physical processes at 
the sediment-water interface which impact on groundwater 
discharge.
Groundwater samples from monitoring wells installed at 
the Goodwins Island and Catlett Island National Estuarine 
Research Reserve sites and agricultural, suburban and forest 
land use sites in the York and James River Basins were 
analyzed for dissolved nutrients, pH, salinity and trace 
organics. Groundwater nitrogen loadings at Goodwins Islands 
and Catlett Islands and in forested areas were generally 
below 0.5 mg/L. Agricultural and suburban areas had higher 
groundwater nutrient loading, up to 30 mg/1. Groundwater 
salinity ranged from 0 to 14, and showed large spatial and 
temporal variation. pH ranged from 3.5 to 8. No chlorinated 
organic compounds were detected at greater than 1 pg/1 in 
low impact sites. Land use along the shoreline has a large 
effect on the quality of groundwater entering the lower 
Chesapeake Bay. Shoreline land use and associated nutrient 
loading, along with an estimate of total groundwater flux, 
suggests that groundwater contributes up to 30% of the total 
nitrogen input to the Bay.
xiii
Sorption and degradation of atrazine control its fate 
and transport in groundwater. Batch isotherm measurements 
using 14C-labelled atrazine sorption to low organic carbon 
(OC) geological solids showed that sorption coefficients 
(Kd) are much lower for aquifer solids than those reported 
for sorption onto soil and other, higher carbon, solids. Kd 
is dependent on the surface area (SA) and, to a lesser 
extent, surface iron (SFe) of the sediment grains. Measured 
Kd values ranged from 0.08 to 0.61 L/kg, and can be 
described by:
Kd = 0.046 (SA) + 0.61 (SFe) + 0.83
Atrazine sorption kinetics onto low OC sediments showed 
multiple rate behavior. An initial rapid reaction accounted 
for > 95% of sorption within a few minutes at rates of about 
2 pg kg'1 min"1 followed by a slower (0.0036 pg kg'1 mi n'1) 
reaction. This apparent two rate behavior may be due to 
multiple sorption mechanisms or to artifacts from the batch 
isotherm experimental procedure.
Experimentally determined elevated temperature reaction 
rates for homogeneous and heterogeneous hydrolysis with 
aquifer solids were compared to evaluate possible catalytic 
effects on atrazine degradation. No evidence for hydrolysis 
catalysis by low organic carbon solids was observed
xiv
Flow over the end of a cylindrical worm tube projecting 
above the sediment surface into the benthic boundary layer 
results in lowered pressure in the tube and in sediments 
around the bottom end of the tube, inducing flow of surface 
water through the adjacent sediment, In areas of 
groundwater discharge to surface waters, passive ventilation 
can act to focus or channel groundwater seepage, and can 
affect the magnitude and rate of groundwater flux across the 
sediment-water interface. A physical mechanism for this 
passive circulation is presented and a mathematical model of 
circulation produced by passive hydrodynamic effects was 
solved analytically for steady flow in homogeneous isotropic 
sediments. MODFLOW was used to numerically determine 
induced hydraulic gradients and resulting flow through 
sediments near structures under various conditions. Induced 
flux depends on the size and position of relict structures, 
velocity of overlying surface water, hydraulic conductivity 
of the sediments, and the spatial distribution of tubes. 
Hydraulic head in sediments near a tube can be reduced by 
several centimeters, and the zone of reduced head can extend 
over several hundred cm2 around the tube. Induced pore 
velocity of 10"3 cm/s or greater yield flux rates of tens to 
hundreds of mL/hr.
Measurements of flow across the sediment-water 
interface using seepage meters often show large variability 
and poor repeatability. Flume and field studies showed that
xv
much of this variation can be an experimental artifact.
Flow of surface water across the meter, which alters the 
hydraulic head within the meter, induces augmented seepage 
flow. Covering the seepage meter collection bag to isolate 
it from flow in the overlying surface water can 
significantly reduce or eliminate this error.
xvi
Studies on Processes Controlling the Input of Agricultural 
Chemicals in Groundwater to Surface Waters
SECTION 1: General Introduction
Groundwater is intimately connected to surface waters 
by interactions across the sediment water interface (Figure 
1). In regions with a large component of surface water 
recharge via groundwater, such as the Chesapeake Bay and 
Mississippi River basin, groundwater quality is directly 
related to and may be a major factor controlling surface 
water quality. Contamination of groundwater, in addition to 
being of concern where the groundwater is used as a drinking 
water source, can lead to severe contamination problems in 
surface water bodies that receive groundwater discharge. 
Identifying and quantifying the effects of groundwater on 
surface waters require a much better understand of the 
processes controlling incorporation, transport and discharge 
of water and dissolved and suspended species in groundwater 
then is supported by the current level of knowledge. This 
work examines a number of these processes in an attempt to 
provide some of the basic information required for such an 
understanding.
In the first section of this dissertation results of 
several groundwater quality monitoring studies in the lower 
Chesapeake Bay region are presented. These results have
2
Figure 1. Schematic Diagram of the Interconnection 
Between Groundwater and Surface Water Bodies
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been used to estimate the importance of groundwater as a 
source of nutrients to the Bay. Several hundred groundwater 
monitoring wells have been installed in the James and York 
River basins, and groundwater samples collected over several 
years. Wells were sited in different land usage areas 
ranging from undisturbed forest to heavily impacted suburban 
areas to allow measurement of groundwater quality throughout 
the region.
Chapter 1 describes baseline monitoring studies at 
Natural Estuarine Research Reserve (NERRS) sites in the York 
River. These sites provide a unique location for 
establishment of long term monitoring networks because of 
their guaranteed accessibility and relatively low current 
level of impact from anthropogenic activity. Monitoring 
well networks were installed in two of the reserve sites on 
the York River, and samples collected for water quality, 
nutrient, and trace organic analysis. These data provide 
information on current groundwater quality and baseline 
values for comparison with other, more impacted sites.
Chapter 2 describes the results of a large scale 
groundwater monitoring program to study the effect of land 
use on the quality of groundwater. Data collected were used 
to a estimate the effect of land use on groundwater as a 
source of nutrient inputs to the Chesapeake Bay. Monitoring 
wells were installed in undisturbed woodland, agricultural 
areas including cropland and vineyards and suburban areas
4
served by underground septic systems. Land use along the 
shoreline was determined and combined with the correlation 
between land use and groundwater nutrient loading to 
estimate the total flux of nitrogen species to surface water 
via groundwater.
In addition to providing the first estimate of the flux 
of nutrients to the bay via direct groundwater discharge, 
these studies created the largest monitoring well network in 
the Chesapeake Bay region. Monitoring data collected 
represents the largest extant data set on groundwater 
quality in the region. These studies provided the first 
groundwater monitoring data set with sufficient sample 
density to allow estimation of the current level of 
groundwater quality in shallow aquifers and provide a 
baseline for future studies of changes in groundwater 
quality.
In Section 2 results of studies of processes 
controlling the fate and transport of atrazine, the most 
heavily used herbicide in the U.S. and world wide (Eisler, 
1989), are presented. The work reported here was done to 
identify and quantify sorption and degradation processes 
that control the fate and movement of this compound in 
groundwater systems. This information is fundamental for 
prediction of the possible long term problems associated 
with past and continuing atrazine use.
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Sorption of atrazine has been found to retard the 
movement of the compound in soils and to catalyze 
degradation reactions which detoxify the compound (Burkhard 
and Guth, 1981; Jones et al. 1982; Armstrong et al. 1967). 
There is currently little information on the interaction of 
atrazine with sediments which make up the solid matrix of 
aquifers. These solids are physically and geochemically 
different then soil, and are made up primarily of silicate 
minerals with very low carbon contents. The processes which 
control the interaction of atrazine with soil solids are 
largely controlled by organic matter, and are not the same 
as processes in aquifers. In Chapter 3 results of study of 
the sorption of atrazine onto low organic carbon aquifer 
materials is presented. Sorption equilibrium and kinetics 
are described, and a predictive relationship between 
measurable characteristics of the solids and sorption 
determined.
In aqueous solutions acid or base catalyzed hydrolysis 
of atrazine to its hydroxy analog are thought to be the 
major degradation pathways (Plust et al., 1981).
Interactions with the surfaces of geological solids may also 
catalyze the reaction. The physical chemistry of these 
reactions are described in the literature (Burkhard and 
Guth, 1981; Armstrong et al., 1967; Best and Weber, 1974; 
Gamble and Kahn, 1988) but there is still some uncertainty
6
about the mechanism and rate of the reactions. In chapter 
4 results of study of the possible catalysis of atrazine 
hydrolysis by interaction with low organic carbon sediments 
are presented. Hydrolysis rates in homogeneous aqueous and 
heterogeneous systems containing aquifer solids are compared 
to evaluate possible catalytic activity.
Physical and biogeochemical processes which act at the 
sediment-water interface control the movement of water 
across it and so control the discharge of groundwater and 
dissolved and suspended material into overlying surface 
water bodies. Pressure gradients within the sediments at 
the interface and between groundwater and surface 
water control advection within the sediments and across the 
interface. These variations in pressure or hydraulic head 
can be affected by hydrodynamic processes in the overlying 
boundary layer, and by interactions between moving water in 
the boundary layer and surface roughness elements. Section 
3 of this work describes studies of the interactions between 
flow in the benthic boundary layer and relict biological 
structures and with devices used to measure movement of 
groundwater across the interface.
In Chapter 5 a derivation of the pressure variation 
within the logarithmic flow layer in a turbulent boundary 
layer is presented. The effects of pressure variation 
resulting from boundary layer flow across relict tubes or 
burrows protruding from the sediment interface on hydraulic
7
head within sediments around the structure are then 
examined. A mathematical model is solved analytically for 
flow through homogeneous isotropic sediments around a relict 
tube structure. MODFLOW, the U.S. Geological Survey's 
finite difference groundwater flow model code is then used 
to demonstrate and quantify flow of water in the sediments 
under various conditions.
Passive ventilation of relict biological structures may 
represent a major driving mechanism for movement of water 
and dissolved and suspended materials across the interface 
(Ray and Aller, 1985). Relict biological structures may 
also act as conduits, focusing the seepage of groundwater at 
the interface.
The effect of boundary layer flow on equipment used to 
measure the movement of water across the sediment-water 
interface can make it difficult to quantify transboundary 
flow. Seepage meters (Lee, 1977) are a cheap, simple, 
commonly used technique for measuring the movement of water 
across the sediment-water interface. Seepage measurements 
obtained using seepage meters in open surface water bodies 
often show unexplained variations. These make it very 
difficult to accurately quantify submarine groundwater 
discharge. A  possible explanation for these commonly 
observed variations is pressure variation induced within the 
device by flow in the overlying boundary layer. These 
variations are transferred into the sediments and result in
8
induced seepage flux greater then that resulting from 
natural head gradients. Chapter 6 presents the results of 
flume and field studies of the magnitude of these induced 
fluxes. A  simple solution to the problem of induced flux by 
covering the collection device to isolate it from flow in 
the overlying surface water is then presented.
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ISection 2: Nutrients in Groundwater Contamination
Chapter 1: Groundwater Monitoring Studies at Components
of the Chesapeake Bay National Estuarine 
Research Reserve in Virginia
Abstract:
The National Estuarine Research Reserve sites (NERRS) 
in Virginia provide a unique opportunity for research on 
groundwater quality and quantity in shallow aquifers 
adjacent to Chesapeake Bay. The ensured availability, 
protection, and relatively undisturbed nature of these sites 
make them ideal locations for collecting baseline data, and 
establishing monitoring well networks to provide long-term 
monitoring of groundwater. Data from these sites can be 
used to study regional changes in groundwater quality due to 
acid precipitation, sea level rise and other natural and 
anthropogenic processes, and for investigation of localized 
impacts of human activity on groundwater quality throughout 
the Chesapeake Bay region. Data collected from these sites 
can also be used to help understand the role of groundwater 
in determining the abundance and distribution of terrestrial 
and submerged aquatic vegetation, and to estimate the 
sensitivity of this flora to future perturbations.
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Monitoring well networks have been installed at the 
Goodwin Islands reserve site at the mouth of the York river 
subestuary, and at the Catlett Islands reserve site 30 km 
upstream in the mesohaline region. Groundwater samples were 
collected monthly over one year from the Goodwin Islands and 
over six months from the Catlett Islands and analyzed for 
dissolved nutrients, pH, and salinity. Groundwater from 
Goodwin Islands was also analyzed to determine the possible 
presence of organic pollutants. Groundwater nutrient 
loadings at both Goodwin Islands and Catlett Islands were 
found to be well below those observed at agricultural or 
residential land use locations in the region. Nitrogen in 
the form of nitrate, nitrite, ammonium, and phosphate 
concentrations were below 3.0 mg/L and generally below 0.5 
mg/L. Salinity of groundwater was highly variable between 
wells at each site, and showed considerable temporal 
variation. Observed salinity ranged from 0 to 14. The 
groundwater pH varied between wells from 3.5 to 8. No 
chlorinated organic compounds were detected at 
concentrations greater than 1 jig/L.
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Introduction:
The National Estuarine Research Reserve (NERRS) program 
has designated selected estuarine areas for preservation and 
management for research and educational purposes. Areas 
included in the reserve program were designed to be large 
and well enough protected to ensure their utility for long­
term research and environmental monitoring. Research at 
these sites is directed toward national and regional 
environmental research priorities, and toward understanding 
the fundamental processes occurring in estuaries. These 
areas of research are intended to enhance scientific 
understanding of individual reserves and of estuaries in 
general, and to provide information needed by reserve 
managers and coastal zone decision makers (Federal Register, 
Vol. 55, No. Ill, 8 June, 1990). A  lack of such data has 
begun to hamper planning efforts in Virginia. Policy makers 
have been forced to rely on limited, provisional data on the 
effects of groundwater born nutrients on surface waters to 
support land use management decisions. Management of 
natural resources in estuarine and coastal regions is often 
hindered by a lack of reliable environmental data to support 
managerial decisions.
The input of nutrients and anthropogenic organic 
chemicals and the source of freshwater flow to estuaries is 
of interest to decision makers in the Chesapeake Bay area
12
and throughout the nation. Since ecological processes in 
estuaries are dependant on the amounts of the nutrient 
elements nitrogen and phosphorous in the system/ management 
of estuarine resources requires an understanding of nutrient 
dynamics in the system. Establishment of the nutrient 
budget of an estuarine system requires a good understanding 
of all significant sources and sinks.
Groundwater has been recognized as a major source of 
nutrients into surface waters (Lee, 1977 and 1980; Valiela 
and Costa, 1988; Simmons, 1989) . Discharge of nutrient rich 
groundwater has been shown to cause significant changes in 
plant and animal communities in the effected waters 
{Johannes, 1980). Only a handful of studies have been 
undertaken to try to measure these effects (MacIntyre et 
al., 1989). The results of these studies suggest that 
groundwater seepage provides a significant portion of the 
fresh water entering the bay and is a major source of 
nutrients, supplying up to 30 % of the total input {Simmons, 
1989; Libelo et al., 1991). These estimates are based on an 
extremely limited amount of field data.
The recent incorporation of the Goodwin Islands and 
Catlett Island site into the NERRS program provides a unique 
opportunity for additional long-term study of groundwater 
quality in the shallow near-shore aquifers. The decreasing 
access to shoreline areas for monitoring and the increasing 
development of coastal areas have made it difficult to find
13
sites for installation of wells for groundwater monitoring. 
Since the NERRS sites provide long-term accessibility and 
are in relativity undisturbed condition, they are excellent 
locations for collection of data on the current quality of 
groundwater in coastal aquifers, and for continued 
monitoring to evaluate long-term changes. Accordingly, 
monitoring well networks have been installed in the Goodwin 
Islands and Catlett Islands sites, and groundwater samples 
have been collected for determination of selected water 
quality parameters. Additional monitoring networks are to 
be installed in the Taskinas Creek and Sweethall Marsh 
sites. This paper reports the preliminary results obtained 
from analysis of groundwater samples collected from the 
monitoring wells.
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Methods and Materials:
Site Descriptions:
Four sites in the York River subestuary have been 
selected for inclusion in the NERRS system (Figure 2). 
Monitoring well networks were installed at the two sites 
closest to the mouth, Goodwin Islands and Catlett Islands. 
The Goodwin Islands reserve consists of one large (1.6 kmz) 
main island and several smaller islands separated by tidal 
channels in the Mobjack embayment at the mouth of the York 
River. The islands are made up of Pliocene and Pleistocene 
beach ridge deposits in a ridge and swale topography 
(Leonard, 1986). The islands are underlain by the early and 
middle Pliocene Yorktown Formation. This formation is 
overlain by the late Pleistocene Poquoson Member of the Tabb 
Formation which is exposed at the surface over most to the 
islands (Johnson, 1976). These formations consist primarily 
of fossiliferous silty sands along with some clay, and 
generally show high hydraulic conductivity. Goodwin Islands 
lie within the polyhaline region of the Bay, and are 
surrounded by water with salinity ranging from 16-22. Wells 
on the main island show the presence of a fresh water 
unconfined aquifer that is hydraulically isolated from the 
mainland. All fresh groundwater on the islands is provided 
by infiltration of local precipitation. This
15
Figure 2. Chesapeake Bay National Estuarine Research 
Reserve System in Virginia and Maryland
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isolation makes the islands suitable for measurement of 
changes in groundwater quality in response to regional 
rather than local anthropogenic influences. Twelve 
monitoring wells have been installed on the main island in 
estuarine, shrub, scrub/forested wetlands and wooded upland 
areas (Figure 3).
The Catlett Islands reserve covers 690 acres and is 
located about 30 km upstream from the York River mouth on 
the north shore of the York river estuary between Timberneck 
and Cedarbush creeks (Figure 4). Geomorphology of the 
Catlett Islands is ridge and swale, and is similar in 
topography to the Goodwin Islands. The site is located in 
the mesohaline portion of the York River surrounded by 
estuarine water with salinity ranging from 8 to 18 ppt. The 
degree of connection between groundwater on the Catlett 
Islands and the mainland has not yet been established, but 
initial observations indicate that shallow groundwater on 
the Islands is at least partially hydraulically isolated 
from the mainland by the bordering tidal wetland, and is 
predominantly supplied by local precipitation. At the 
Catlett Islands site monitoring wells were installed in 
broad-leaved deciduous forested wetlands and coastal upland 
forest areas.
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Figure 3. Groundwater Monitoring Well Locations at
Goodwin Islands NERRS Site (1 cm « 100 m)
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Figure 4. Groundwater Monitoring Well Locations at
Catlett Islands NERRS Site (1 cm « 100 m)
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Sampling and Analysis:
Groundwater samples were collected monthly over one 
year from Goodwin Islands and at six times in the same year 
from Catlett Islands for analysis of pH, salinity and 
dissolved nutrients. Samples were withdrawn from each 
monitoring well with an inertial pump, placed in precleaned 
polyethylene bottles, packed in ice, and transported to VIMS 
for analysis. One sample for organic analysis was collected 
with a stainless steel bailer and transferred to precleaned 
glass jars. At least three well volumes were purged prior 
to sample collection.
Nutrient analysis was done at the EPA certified 
laboratory at VIMS. Nitrogen as nitrate, nitrite and 
ammonia and phosphorus were determined by modified EPA 
methods {methods 352.2 and 350.1) using a Technicon Auto 
Analyzer. pH was determined with Beckman pHI 31 pH meter. 
Salinity was determined using a Reichert TS salinity 
refractometer. Samples were analyzed for chlorinated trace 
organic compounds according a modified EPA standard method 
625 (Greaves et al., 1991).
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Results and Discussion:
Nutrients concentrations1 from wells at Goodwin Islands 
are shown in Figure 5 for nitrate plus nitrite and Figure 6 
for ammonium. Nitrate and nitrite were very low, generally 
below 0.2 mg/I* in both wetland and upland wells. These 
concentrations are consistent with nitrate levels commonly 
observed in other areas in the region which are not impacted 
by local human activity (Dibelo et al., 1991). Ammonium 
concentrations generally ar® higher than nitrate and 
nitrite. In wetland wells, ammonium levels ranged from 0.1 
to 3 mg/L and were generally below 1 mg/L. In upland wells, 
ammonium ranged from not detected (ND) to greater then 2 
mg/L and were generally below 1 mg/L. The data do not cover 
a sufficient period of time to allow analysis of variations 
with seasons.
Figure 7 shows the salinity of groundwater at the 
Goodwin Islands site. In upland wells, salinity ranged from 
0 to 4.5. It was generally between 0 and 3 and showed 
variation over time. In wetland wells, groundwater salinity 
varied over a wider range from 1 to 13. Salinity within 
wells and between wells varied considerably, probably due to 
recharge by infiltration of saline estuarine water.
The pH of groundwater at Goodwin Islands is shown in
1 All nitrogen species concentrations are reported as 
nitrogen, eg. nitrate = nitrogen in the form of nitrate
21
Figure 5. Nitrate and Nitrite Nitrogen Concentrations
in Groundwater Samples from Goodwin Islands
Wells
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Figure 6. Ammonium Nitrogen Concentrations in
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Figure 8. In upland areas, the pH was fairly constant 
between wells and within each over the period sampled.
Values ranged from about 7 to 8. In wetland wells, the pH 
showed greater variation between wells and within individual 
wells over the period sampled. Values ranged from 3.5 to 
7.5 and were consistently lower then those in upland areas.
Figure 9 shows nitrate and nitrite concentrations in 
groundwater from wells at the Catlett Island site. 
Concentrations ranged from ND to 0.4 mg/L and were generally 
below 0.2 mg/L. These values were similar to observations 
at Goodwin Islands and are consistent with those expected 
from an area with little anthropogenic input. Ammonium 
concentration at Catlett Islands ranged from ND to 1.1 mg/L 
(Figure 10), and varied between wells and within individual 
wells. The pH in samples from Catlett islands ranged from 4 
to 8 and were similar to those observed in wetland areas at 
Goodwin Islands (Figure 11). Salinity in Catlett Island 
well samples varied from ND to 13.5 (Figure 12). Salinity 
varied considerably between wells and within each well, and 
this variation appears larger than that for the other water 
quality parameters.
Analysis of groundwater for chlorinated organic 
compounds indicated that none were present at concentrations 
greater than the detection limit of one part per billion.
The data collected at the Goodwin Islands and Catlett 
Island sites show the current quality of groundwater at
25
Figure 8. pH of Groundwater Samples from Goodwin
Islands Wells
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these sites. The period of sampling is not long enough to 
allow evaluation of variations over time ,such as seasonal 
variation. Nutrient element and organic compound 
concentrations suggest that these sites are not strongly 
impacted by local human activity. Precipitation and inflow 
of estuarine water are the only sources of recharge and of 
dissolved constituents in these sites.
The NERRS sites in Virginia are good locations for 
monitoring groundwater quality in the shallow near shore 
aquifers in the Chesapeake Bay region. The data collected 
in this study provide information on the current quality of 
groundwater in the near shore shallow aquifers in the York 
River subestuary. This information can be used as a 
baseline for evaluation of future changes in groundwater 
quality in the Goodwin Islands and Catlett Islands sites, 
and as control or background data for studies of the effects 
of human activities on these and other sites in the 
Chesapeake region. Information on the quality of 
groundwater within the research reserve sites can also be 
used to correlate current and future biological processes 
with groundwater and study interaction between groundwater, 
surface water and biological activity. Continued monitoring 
of these sites should be conducted to ensure the long-term 
availability of such information.
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Chapter 2: Groundwater Nutrient Discharge to the
Chesapeake Bay: Effects of Near-Shore 
Land Use Practices
Abstract:
Groundwater discharge supplies a significant portion of 
the inorganic nutrients entering the Chesapeake Bay. This 
discharge increases nutrient concentration in surface 
waters, which may result in increased macrophyte growth, 
reductions in submerged aquatic vegetation and alteration of 
habitat. Human activities adjacent to the shoreline greatly 
increase nutrient concentrations in the underlying 
groundwater, and so affect the overall nutrient input by 
groundwater seepage. In order to quantify the effect of 
land use on groundwater nutrient loading in the Virginia 
coastal plain we have installed monitoring wells in a 
variety of near shore environments adjacent to the James and 
York Rivers. Since the Spring of 1988, groundwater nitrogen 
species concentrations have been monitored beneath 
agricultural fields planted with corn and soy beans, 
woodlands, vineyards, and suburban development with septic 
drain fields.
Nitrogen loading in groundwater is strongly increased 
in areas with high human activity. Below pristine 
woodlands, groundwater N02", N03“ and NH/ concentrations were 
always below 1 mg/L and generally below 0.1 mg/L. Areas 
near septic discharge showed high nutrient loading up to 25 
mg/L N03". Beneath planted fields loadings ranged up to 0.1
32
mg/L N02", 20 mg/L N03" and 0.1 mg/L NH4+. Groundwater 
beneath forested areas adjacent to planted fields showed 
similar loadings, but decreased with distance from the 
field. Vineyard loading ranged as high as 0.2 mg/L N02“, 13 
mg/L N03‘ and 0.2 mg/L NH4+. Groundwater nitrogen loading 
showed spatial and temporal variations.
These groundwater concentration measurements, estimates 
of the percent of shoreline represented by each land use, 
and total groundwater discharge permit calculation of the 
nutrient load delivered to the system by submarine 
groundwater discharge. Groundwater delivers 6.6 million 
kilograms of nitrogen per year to the James River. This 
suggest that groundwater provides about 30 % of the total 
input to the lower Chesapeake Bay.
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Introduction:
Recent recognition of the fact that submarine 
groundwater discharge (SGWD) contributes water and nutrients 
to the Chesapeake Bay system has resulted in a realization 
of how little we understand this phenomenon. Only recently 
have researchers begun studying the extent and effects of 
SGWD in the Bay (Simmons, 1989). While the Chesapeake Bay 
is one of the most studied estuaries in the world, 
scientists and managers have lagged behind those in other 
regions in recognizing and examining groundwater seepage 
effects on the Bay system.
Groundwater has been shown to be of major significance 
in controlling near-shore ecologic processes (Johannes,
1980), and SGWD may provide a large portion of nutrient 
inputs into surface water bodies. In the Chesapeake Bay, 
the contribution of groundwater seepage to the water and 
nutrient budgets of the system are very poorly understood.
In 1987, it was pointed out that the then current version of 
the Chesapeake Bay model (Hydroqual, 1987) did not include 
groundwater as a source of water or nutrients to the bay, a 
deficiency which is still not addressed in the current 
versions (MacIntyre, personal communication). At that time, 
research efforts aimed toward characterizing the groundwater 
seeping into the Bay and quantifying the total input of 
water and nutrients into the system by groundwater were
34
initiated. Initial results were presented by MacIntyre et 
ai. {1989) . This paper provides further results of this 
ongoing effort to estimate the importance of groundwater 
seepage in the nutrient balance of the Chesapeake Bay 
system.
To determine the amount of nutrient input to the Bay by 
SGWD, groundwater monitoring wells have been installed along 
the shores of the James and York Rivers, in areas 
representative of the different land uses in the region. 
These include pristine woodlands, suburban septic, 
conventional and no-till agricultural fields, woodlands 
adjacent to agricultural field and vineyards. Samples from 
these wells were collected monthly, providing time series 
data used to determine nutrient loading in groundwater 
associated with each land use. Wells are currently being 
installed in other sites to increase our data base. It is 
anticipated that this study will continue for the 
foreseeable future, and that estimates of loadings and 
fluxes will be further refined.
Water samples collected from the wells have been 
analyzed for nitrogen in the form of nitrate, nitrite, and 
ammonium ions. Phosphate was not determined since the lower 
portion of the bay is believed to be nitrogen limited and 
because phosphorous is fairly immobile in groundwater.
The James River subestuary is used as an example to 
demonstrate how groundwater nutrient characteristics below
35
each type of land use can be combined with information about 
the amount of shoreline devoted to each land use and the 
total groundwater volume flux to yield an estimate of the 
total amount of nitrogen discharged to the system by SGWD.
MassFl ux= ( CaLa-¥CfLp+ C^Lr) x {Q) (1 )
where CA = Concentration below agricultural areas 
CF = Concentration below forested areas 
CR = Concentration below suburban septic areas 
LA = Length percent of total shoreline in 
agriculture
Lr = Length percent of total shoreline forested 
Lr = Length percent of total shoreline urban 
septic
Q = Total groundwater discharge
This approach has a number of limitations including 
assuming that groundwater flow is uniform and constant and 
that groundwater nutrient loadings are the same in all areas 
with similar land use. It can however be used to provide an 
initial estimate of the role of groundwater in nutrient 
input to the Bay.
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Methods and Materials:
Sampling Sites:
Ringfield:
To get an idea of background nutrients in groundwater 
in the region, wells were installed at Ringfield in the 
Colonial Parkway National Park on the shore of Kings Creek, 
a tributary of the York River. This site was farmed until 
it was taken over by the National Park Service approximately 
60 years ago. Since then it has been undisturbed. The 
drainage area supplying groundwater to the site is covered 
by woodland and natural grassland. The surficial geologic 
formation at the site consists of thin basal medium to 
coarse sands grading up to fine sand, silt and clay of the 
Pleistocene Shirley Formation. This is underlain by iron 
oxide rich clayey silts and fossiliferous quartzose sand, 
clayey and silty fine sand and carbonate rich sediments of 
the Miocene Yorktown Formation (Johnson and Hobbs, 1990). 
Wells were installed through the Shirley and completed in 
the upper Yorktown (Figure 13) .
VIMS:
To measure the effect of septic drain fields on
37
Figure 13. Location of Groundwater Monitoring Wells at
Ringfield (1 cm « 300 m)
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groundwater nutrient loading, wells were installed at the 
campus of the Virginia Institute of Marine Science near the 
mouth of the York River. The Institute consists of about 30 
buildings at Gloucester Point. Sewage waste is collected 
from the buildings and pumped to a central drainfield 
(Figure 14). The geology at this site is similar to the 
Ringfield site, except that the surficial unit is the Tabb 
Formation. Wells 1 and 2 are completed in the Yorktown 
Formation about 200 m down gradient from the drainfield.
Well 3 is in Holocene beach deposits 500 m down gradient 
from the drainfield with several buildings in between. Well 
4 is also in Holocene beach deposits but is hydraulicly 
isolated from the drainfield by an intervening marsh.
Renwood:
This site is along the northern shore of the James 
River. Wells were installed in the center and around the 
edge of a field which has been in conventional till 
production for at least 7 years (Figure 15). The surficial 
unit at this site is the Tabb Formation. This is underlain 
by the Shirley Formation. The contact between these units 
in this area is a low permeability clay layer. Well 8 is 
completed below the clay layer in the Shirley Formation.
All other wells at this site are completed in the Tabb 
Formation.
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Figure 14. Location of Groundwater Monitoring Wells at
VIMS (1 cm « 200 m)
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Gloucester Point
Figure 15. Location of Groundwater Monitoring Wells at
Renwood (1 cm « 200 m)
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Hula Woods:
This site is just upstream from the Renwood site.
Wells were installed parallel to the shoreline about 75, 150 
and 225 m from the edge of the field. The nearest up 
gradient agricultural field is approximately 500 meters 
away.
Hula Field:
The Hula site is several hundred meters downstream from 
the Renwood site. This site consists of a field in no-till 
production with irrigation. Wells were installed along a 
road which bisects the field, in a small gully in the center 
of the field and along the edge of the field adjacent to the 
James River (Figure 16). Wells 3,5,4, 9 and 10 are completed 
in the Tabb Formation. Well 11 is completed in the 
underlying Shirley Formation.
Williamsburg Winery:
This site is 2 km inland, but was included in this 
study to evaluate the effect of agricultural practices other 
than corn, soy bean and small grain production on 
groundwater. Wells at this site were installed at the base 
of a scarp down slope from the vineyards (Figure 17). The
42
Figure 16. Location of Groundwater Monitoring Wells at
Hula (1 cm * 200 m)
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Figure 17. Location of Groundwater Monitoring Wells at 
Williamsburg Winery. Qw = Shirley Formation, 
Ty = Yorktown Formation (1 cm * 100 mj
44
w a te r  tab le
*
wells penetrate the Shirley Formation and are screened in 
the Yorktown Formation. Well 7 was installed up gradient 
from vineyards as a control well, but subsequent planting 
and fertilization around the well have made it unreliable as 
a control.
Well Installation and Sampling:
Wells were installed by hand auger or truck mounted 
auger, and were constructed with of 2 inch polyvinyl 
chloride (PVC) pipe and screen. Screening was from the 
water table down about 1.5 m. Samples were collected 
approximately monthly. All wells were purged prior to 
sampling. Samples were collected with a inertial pump 
system and packed on ice for transport to the laboratory for 
analysis.
Sample Analysis:
Samples were filtered through 0.45 urn glass fiber 
filters within 24 hours of collection, and stored frozen 
until analyzed. Analysis for nitrogen species was by EPA 
approved methods. Ammonium was determined by indolphenol 
dye formation (EPA STD. Method 419). Nitrate plus nitrite 
was determined by cadmium reduction and diazo dye formation 
(EPA STD. Method 418). Nitrite was determined by diazo dye
45
formation (EPA STD. Method 419) and nitrate calculated by 
difference.
Shoreline Land Use Determination:
The length of shoreline along the James River 
representing agricultural, woodland, and suburban septic was 
determined from Shoreline Situation Reports (Hobbs et al., 
1974, 1975; Owen et al., 1975a, 1975b, 1976a, 1976b; and 
1976c; and Rogers et al.f 1976). The measured reach length 
in each county was calculated and the total percentage for 
each land use was calculated (Table 1).
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Results and Conclusions:
Land use effect on groundwater nutrient loading:
Figure 18 shows the concentration of nitrogen species 
in well samples from the pristine Ringwood site. The 
concentration for nitrate, nitrite and ammonium were always 
below 1.0 mg/L and generally below 0.1 mg/L. This suggests 
that background nutrient concentration in areas not affected 
by human activity are very low. In these wells and in all 
other wells except VIMS 4, nitrate was the predominant 
species as would be expected for oxygenated groundwater.
Figure 19 shows nitrate levels in the wells at the VIMS 
several orders of magnitude greater then nitrite and 
ammonium. Wells 1, 2 and 3 down gradient from the 
drainfield show elevated nitrate concentrations 
significantly above background. They typically range 
between 2 and 5 mg/L. Well 4, isolated from the drainfield, 
had nitrate concentrations approaching background levels.
The only sample from well 4 with concentration above 0.2 
mg/L was unreliable due to contamination when the cap was 
left off the well. The elevated concentrations in wells 
down gradient from the drainfield suggest that septic 
systems contribute a large amount of nitrate to groundwater 
in the Chesapeake Region. Septic systems are generally the 
most common point sources for groundwater contamination
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Figure 18. Nitrogen Species Concentrations in
Groundwater Samples from Ringfield
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Figure 19. Nitrate Nitrogen Concentrations In
Groundwater Samples from VIMS wells
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(Todd, 1980).
Nutrient concentrations in water samples from wells at 
the Hula site, which were completed in the Tabb Formation 
and sampled the unconfined aquifer, showed nutrient 
concentrations greatly above background (Figure 20).
Nitrate concentrations ranged from about 1 mg/L to greater 
then 20 mg/L and were usually between 10-14 mg/L. Wells 
located away from the river showed the greatest variation in 
nitrate concentration. Wells near the river showed much 
less variation and were between 10 and 14 mg/L. Well 10 
showed a unusually high level of nitrate when the well was 
installed. This is interpreted as a parcel of water with 
very high nitrate concentration moving through the aquifer. 
This parcel was apparent in Well 9 about 4 months into the 
study and in 5 at about 10 months. Well 11, completed below 
the clay layer at the contact between Tabb and Shirley 
Formations had nitrate concentrations near background. This 
suggests that the confined aquifer is not greatly affected 
by contamination in the overlying unconfined aquifer.
Nutrient concentrations in samples from the Renwood 
wells were similar to those at the Hula site (figure 21). 
Concentrations in wells farthest away from the river showed 
the greatest variation in concentrations, from about 3 up to 
18 mg/L, and were generally above 8 mg/L. Wells 3, 4 and 5 
showed a general upward trend in nitrate concentration of 
about 0.01 mg/L/day. Extrapolation of this rate of increase
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Figure 20. Nitrate Nitrogen Concentrations In
Groundwater Samples from Hula wells
52
— ] 1 6
cn
O Well 3
•  Well 5
20
— J 16
■ Well 9  
•  Well 1 0  
O  Well 11
Figure 21a,b Nitrate Nitrogen Concentrations In
Groundwater Samples from Renwood wells
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back to background concentration suggests that the beginning 
of the increase in nitrogen concentration began about the 
time the field was put into production by the current 
tenant. Wells 2 and 6 in the center of the field showed 
similar concentrations with a smaller rate of increase.
Wells 1 and 7 at the edge of the field near the river had 
similar concentrations, between 8 and 10 mg/1, but showed 
much less variation. Well 8, completed in the Shirley 
Formation, had concentrations approaching background, again 
suggesting that the underlying confined aquifer is not 
affected by contamination in the shallow unconfined aquifer.
Wells at the Hula wood were expected to have nitrate 
concentrations similar to background levels since they are 
in woods 75 m from the nearest agricultural field. Instead, 
they were found to have concentrations well above background 
in the well closest to the field and slightly above 
background in the farthest well (Figure 22). This suggests 
that trees may not be as effective at removing nutrients as 
expected and that thick buffer strips would be needed if 
uptake by trees is to prevent nutrients in groundwater from 
reaching the Bay.
Figure 23 shows nitrate concentration in well samples 
from the winery site. These concentrations ranged from 4 to 
14 mg/L, and depended on the position of the well. The 
concentrations generally increased over time, as anticipated
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Figure 22. Nitrate Nitrogen Concentrations In
Groundwater Samples from Hula Woods Wells
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Figure 23. Nitrate Nitrogen Concentrations In
Groundwater Samples from Williamsburg Winerv
Wells
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since the vineyard has only been operational for about five 
years.
Shoreline Land Use:
Table 1 shows shoreline use by percent in each county 
along the James River. The total percent of the shore 
devoted to agriculture, residential and forest were 
determined to be 33%, 19% and 48% respectively.
Estimation of Total Groundwater Discharge:
Modelling of the James river has failed to explain the 
salinity distribution in the river, apparently due to 
underestimation of the total freshwater input to the system. 
Average fresh water input at the fall line, 212 cubic meters 
per second (mVsec) (Neilson and Ferry, 1978) accounts for 
only about 50 % of the total required to achieve the 
observed salinity values and to balance the salt budget 
(Cerco, Personal communication). In these calculations 50 
m3/sec, about 25% of the unaccounted fresh water input, was 
used as an estimate of the input from groundwater seepage. 
This value probably represents a low estimate. The drainage 
area for the James River below the fall line is about 
10,7600 kmz. The Average rainfall in the basin is about 110
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cm/year, so the total rainfall in the basin below the fall 
line is about 373 m3. The estimate of 50 m3/sec for 
groundwater below the fall line is 13 % of the rainfall.
Total Nutrient Input:
Equation 1 gives a total mass of nitrogen into the 
James River subestuary of 6.6 million kilograms per year 
using typical values for nitrogen concentrations of 4 mg/L 
in residential areas, 0.2 in forested areas and 10 in 
agricultural areas, length percent of shoreline represented 
by each of 33, 48, and 19 respectively and an estimated 
total groundwater discharge 50 m3/sec. By comparison, input 
by the river at the fall line is about 5 million kilograms 
per year. This estimate of groundwater nutrient flux is 
very rough and will require a great deal of further research 
to verify, however it represents a fairly good order of 
magnitude estimate.
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Summary:
Several years of data have been collected to estimate 
the effect of land use on the concentration of nutrients in 
groundwater in the Chesapeake Bay region. Long term 
monitoring data, begun here, will be needed to understand 
how land use affects groundwater nutrient concentration and 
so impacts the Chesapeake Bay via submarine groundwater 
discharge.
Agricultural activities result in high levels of 
nitrate in the underlying groundwater, often exceeding the 
drinking water standard of 10 mg/L. Septic systems also 
result in large elevations in groundwater nutrient 
concentrations, but generally less than those associated 
with agricultural activities.
From measurement of the concentration of nutrients in 
groundwater below different land uses, the percent of 
shoreline represented by each land use and estimates of the 
total flux of water into the system by groundwater seepage 
we calculate that the nitrogen flux into the James River 
subestuary from groundwater seepage is 6.6 x 106 kg/ year, 
or about as much as is brought in by the river at the fall 
line. This suggests that groundwater nutrient inputs in the 
Chesapeake Bay system may represent 50% of the total flux 
into the system.
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This estimate indicates that any attempt to understand 
the Chesapeake Bay system without including the effects of 
groundwater discharge on the system is doomed to failure.
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SECTION 3: Fate and transport of Atrazine in Groundwater
Environments
Chapter 3: Sorption Equilibrium and Kinetics of
Atrazine Sorption onto Low Organic Carbon 
Aquifer Materials
Abstract:
Batch techniques were used to study sorption of Re­
labelled atrazine to well characterized aquifer solids. 
Equilibrium sorption data fit a linear isotherm model. 
Sorption coefficients (Kd) ranged from 0.08 to 0.61 L/Kg, 
much lower than for sorption onto soil and other, higher 
carbon, materials. Kd did not correlate with organic 
content of the sediments. Stepwise linear regression 
showed that Kd was significantly correlated with BET 
surface area (mz/g) and dithionate extractable surface iron 
content (g/kg), and can be described by:
Kd=0. 046 {SA) +0.61 (SFe) +0.83 (2)
Atrazine sorption kinetics onto low organic carbon sediments 
showed multiple rate behavior. An initial rapid reaction 
accounted for > 95% of sorption within a few minutes at a 
rate of about 2 pg kg'1 min'1, followed by a slower (0.0036 
pg kg-1 min'1) reaction. This multiple rate behavior may be
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due to multiple sorption mechanisms or to artifacts from the 
batch isotherm experimental procedure.
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Introduction:
Triazine herbicides are commonly used in a variety of 
pesticide applications in marine and terrestrial 
environments. The 2-chloro triazine compounds (Figure 24) 
are the most widely used agricultural chemicals worldwide, 
and atrazine (2-chloro-4-ethylamino-6 isopropylamino-1,3,5- 
triazine) is the most heavily used agricultural pesticide in 
North America (Eisler, 1989). These compounds are used to 
control broad leaf plants in agricultural, range and forest 
lands, and in ornamental landscapes including lawns and golf 
courses and as defoliants on railroad tracks and roads. In 
1990 over 34 million kilograms of atrazine were applied for 
weed control in the U.S. with 60 percent used to control 
weeds in corn (USDA, 1990; EPA, 1990).
Atrazine has recently been recognized as a xenoestrogen 
and a cytochrome P450 inducer. It has been shown to 
increase the incidence of malignant tumor formation in 
mammals (Pinter et al., 1990; Donna et al., 1981; Donna et 
al., 1986), and has been linked to ovarian (Donna et al., 
1989) and colon (Hoar et al., 1985) cancer, and with non- 
Hodgkins lymphoma (Hoar et al. 1986) in humans. Despite the 
classification of the compound as a possible human 
carcinogen only recently, as a result of legal action, has 
the U.S. EPA acted to limit its use (EPA, 1994, consent 
decree).
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Figure 24. Structure of s-chlorotriazine herbicides
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Atrazine (2-chloro-4-ethyiamino-6-isopropylamino-1,3,5-triazine)
Ri = C2Hfl
R2= c 3h 7
Cl 
I
N  N
I ll
Molecular weight 215 .7
Melting point 173-175
Henry's Law Constant 6 .13  x 10‘8 to 2 .45 x 10*7 atm-m3/mol
518 .9
Recent concern over possible health effects of exposure 
to atrazine and to the buildup of the compound in 
groundwater have lead to recommendations that its use be 
decreased. The U.S. EPA has begun to phase out atrazine and 
other triazine use (EPA, 1994 consent decree). Atrazine has 
been banned in Germany (Kuhnt and FrSnzle, 1993) and parts 
of Italy. In Switzerland its use has been greatly curtailed, 
and its use along railroads is no longer permitted (Buser, 
1990}. In the U.S. the EPA has promulgated drinking water 
standards of 3 ppb.
In addition to health concerns regarding current levels 
in drinking water supplies, the long term stability of the 
compound in groundwater environments (Plust et al., 1981) 
suggests that atrazine leaching from surface applications 
can cause significant groundwater contamination problems.
If the compound is not eliminated by degradation reactions 
it can build up and remain for a long time in aquifer 
systems.
Equilibrium Sorption:
The movement and fate of atrazine in the subsurface 
environment are controlled by interactions with soils and 
geologic materials which comprise the solid matrix of 
aquifer systems. Sorption to aquifer solids may retard the 
transport of atrazine, and association of the compound with
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aquifer solids by sorption or partitioning into the solid 
matrix can result in long term atrazine contamination 
problems.
Understanding the fate and transport of atrazine in 
subsurface environments requires an understanding of how it 
associates with these solids. The rate and magnitude of 
sorption processes must be known if predictions about the 
movement and persistence of the compound are to be 
meaningful (Mackay and Cherry, 1989).
While atrazine sorption onto soils and surface 
sediments has been studied, there is little information 
available on its interaction with aquifer solids. These 
materials are have low organic carbon content (OC), and what 
carbon is present is more mature and more weathered. This 
suggests that interactions with the organic fraction which 
controls sorption in higher organic content materials are 
not likely to be significant.
The objectives of this study were to measure the 
magnitude of equilibrium sorption onto low OC sediments 
which make up the solid matrix of aquifers, to develop a 
predictive model to allow estimation of the sorption 
coefficient, Kd, as a function of the physical and chemical 
properties of the solids, and to measure the kinetics of 
sorption of atrazine onto low OC aquifer materials.
Transport of stable hydrophobic compounds, such as 
atrazine, with low aqueous solubility in natural systems is
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largely controlled by sorption onto geologic solids 
(Karickhoff et al., 1979). In soils and sediments with OC 
content greater then about 0.1% sorption can be assumed to 
occur by partitioning into organic matter (Chiou et al., 
1979). Numerous studies of sorption of a variety of 
organic chemicals to soils and sediments published in the 
last 10-15 years. They have found that, in soils and 
sediments with OC contents greater then a few tenths of a 
percent, sorption of hydrophobic compounds is strongly 
correlated with the total organic content of the material. 
Normalizing the sorption coefficients for a particular 
compound to sediment organic carbon (Koc) content can 
account for much of the variation between Kd values on 
different sediments (Karickhoff et al., 1979; Karickhoff 
1984; Chiou et al, 1979; Bailey and White, 1970 and others).
Sorption of atrazine shows a similar strong correlation 
with soil organic content (Francioso et al., 1992; Singh et 
al., 1990). Means et al., 1982 showed that pesticide 
sorption is proportional to percent organic carbon, and when 
the OC is low, the amount of clay, specifically smectite is 
more important in controlling sorption. Grundl and Small 
(1993) studied the sorption of atrazine onto sediments with 
organic carbon content ranging from 3.2% to 0.4 %. They 
found a Koc of 217 L/kg
Recent studies of atrazine sorption onto soils have 
found that the chemical composition of the soil organic
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matter is an important factor controlling sorption. The 
nature of the organic matter in soil/ including the "age" 
and degree of humification, is more important then the 
amount in controlling sorption from aqueous solution.
Dousset et al., (1994) found that the degree of maturity or 
humification of the soil organic matter is more important 
the total amount. They worked with soils with 1-2 % organic 
matter and also found that in these materials clay content 
and mineralogy were not important factors in adsorption. 
Paya-Perez et al. (1992), working with organic carbon 
contents ranging from 0.01 to 23.4 % showed that atrazine 
sorption onto soils depended on organic carbon content and, 
to a lesser degree, on metal oxide content. More 
specifically, they found that sorption depended on the 
percent of both humic acid (Ha) and humin plus free organic 
matter (Hum + Fom). They found that these two constituents, 
along with manganese oxide content (MnO) could explain 71 
and 26 % of the variation in Kd in 109 soils with OC content 
greater then 0.1%. They proposed a relationship between Kd 
and soil characteristics:
Kd= (169±11)Ha-(0 .74±0.09) (Hum+Fom) + (21±16) MnO (3)
These studies suggest that for different sediments with the 
same total organic carbon content, the deeper, more aged 
sediment should have a greater affinity for slightly polar
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organic compounds such as atrazine. It is not known if this 
is true in the extreme case of aquifer solids. These 
materials contain very low levels of organic carbon and, 
while the nature of the organic carbon is not well 
understood, it is believed to be much older and more 
"weathered".
A number of studies have shown that when the organic 
carbon content of a sediment decreases the relationship 
between sorption and organic content is weaker, and other 
sediment components have an increasingly large effect on 
sorption of organic compounds (Karickhoff et a l . ,  1979; 
Schwarzenbach and Westfall, 1981; Bouchard and Wood, 1988; 
Hassett et a l . ,  1980; Banerjee et a l . ,  1985). In sediments 
with low organic carbon content the sorption of organic 
compounds is controlled by interactions with silicate and 
oxide minerals. The correlation between these phases and 
sorption from solution is not as well established as that of 
sedimentary organic matter.
Studies trying to relate the degree of sorption of non­
polar organic compounds to sediment characteristics other 
than organic carbon content have been only partly 
successful. Stauffer et al. (1989) examined the sorption of 
polar organic compounds onto aquifer solids in relation to 
0, % sand, silt and clay, cation exchange capacity (CEC), 
specific surface area, % iron and clay mineralogy. They
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were unable to detect any correlation between sorption Kd 
and any of these sediment properties.
Banerjee et al./ 1985 studied sorption of o- 
chlorotoluene, trichlorobenzene and dimethylpthalate onto 
material from a 675 cm sediment core taken in alluvial 
sediment. They found that only the percent clay sized 
particles and organic carbon correlated with adsorption 
coefficients, in shallow portions of the sediment core 
organic matter correlated strongest. In deeper portions of 
the core the organic fraction did not correlate as well/ and 
the clay fraction was a better parameter for describing 
sorption coefficients, when the OC content of the sediments 
is above about 0.2 % it correlates well with sorption 
constants. Where the OC content is low the clay content and 
possibly metal oxides account for a significant portion to 
the sorption, in deeper, older, more weathered sediments 
the sorption was not as well correlated with OC due to the 
nature of the OC.
Barber (1994) studied the relationship between sediment 
particle size, paramagnetic mineralogy, organic carbon, 
surface area and metal oxide coatings on the grains to the 
sorption of chlorobenzenes in aquifer sediments from Cape 
Cod. He found that sorption increased with decreasing 
particle size, and that magnetic minerals sorbed more then 
non-magnetic minerals. He attributed the increase in 
sorption with decreasing grain size to the correlation
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between grain size and organic carbon content/ iron content 
and surface area of the grains.
Removal of the organic carbon with hydrogen peroxide 
resulted in a decrease in sorption seeming to confirm the 
role of organic carbon in controlling sorption. Another 
possible interpretation for this was that reduced metals in 
mineral lattices were oxidized by the peroxide and increase 
the amorphous oxide content.
Ball and Roberts (1991a and b) studied sorption of 
chlorinated organics on aquifer solids from the Borden site 
in Ontario. They found that sorption was positively 
correlated with grain size. In the Borden material organic 
carbon content and total surface area were greater in the 
larger size fraction. They also found that increasing the 
surface area of the particles by pulverizing did not 
significantly alter the sorption. This suggests that 
surface area was not a controlling factor. Removal of the 
organic carbon resulted in a decrease in sorption of greater 
then 90% suggesting that, in these materials, small amounts 
of organic carbon had a large effect on sorption. Their 
results suggest that the organic phase in Borden solids is 
exceptionally lipophilic. Their results also suggest that 
the magnetic fraction of the sediments had a high sorptive 
capacity.
Laird et al. (1992) studied atrazine sorption onto 
smectite clays. They found that sorption was negatively
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correlated with surface charge and independent of suspension 
pH suggesting that atrazine sorbed as a neutral species.
They found that Freundlich constant K£ correlated with 
surface charge density and surface area (rz=0.83).
The actual mechanism of sorption of a solute from water 
onto the surface of geological solids has not been 
determined by microscopic (molecular scale) measurements/ 
cannot be determined by macroscopic (bulk phase) 
measurements, and is not yet determinable by computational 
chemistry. Sorption mechanisms can be presumed, and the 
equilibrium sorption process described as a partitioning 
between the aqueous phase and the sorbent phase. At 
equilibrium, the amount of solute in each phase can be 
measured and described by a variety of isotherm sorption 
equations.
In this study equilibrium sorption Kd values were 
measured for sorption of 14C labelled atrazine to low OC 
aquifer solids. These were then correlated with sediment 
characteristics and a predictive equation relating sorption 
to measurable characteristics was proposed.
Sorption Kinetics:
In groundwater systems the rates of sorption and 
desorption in addition to the equilibrium Kd for an organic 
contaminant in an aquifer must all be known in order to
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predict the movement, and associated fate and environmental 
consequences, of that contaminant. Most existing 
conceptional models and computer codes for prediction of the 
fate and transport of contaminants assume that sorption and 
desorption reactions are so fast that they are insignificant 
in controlling transport or fate of solutes in groundwater. 
This assumption implies local sorption equilibrium 
conditions exists at each point in the aquifer. Recent work 
on the rate of sorption of organic chemicals onto geological 
sediments have begun to call this assumption into question. 
(Wu and Gschwend, 1986; Goltz and Oxley, 1991).
Measurements of the rate of sorption processes have 
suggested that equilibrium may not be reached over weeks to 
months. There is little data available on the rate of 
sorption of atrazine on low organic carbon aquifer 
materials.
A  number of models have been proposed to explain 
sorption kinetics on geologic solids. A simple, first order 
model assumes that the rate of sorption or desorption is 
proportional to the concentration difference between the 
sorbed and aqueous phases, and can be described by:
P~S (4)
k 2
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where P is the sorbed phase, S is the aqueous phase, kx and 
k_! are the first order rate constants for sorption and 
desorption.
Recent experimental observations suggest sorption onto 
geologic solids may involve two first order reactions. 
Initially, sorption is fast and greater then 95% of the 
sorption occurs within a few minutes to an hour. This 
initially fast sorption is followed by a much slower uptake 
which may not reach equilibrium for days or months. Plots 
of amount sorbed versus time show an initial steep slope or 
rapid sorption for several minutes followed by a shallower 
slope representing a slower long term sorption process. 
Several models consistent with this rate behavior have been 
proposed. A  two box model (Karickhoff, 1980) treats two 
processes with different rates:
*1*2 (5)
where Sj and S2 are the sorbed concentrations associated 
with the fast and slow components of the sorption. This two 
box model fits experimental data well but is difficult to 
identify with known physical processes.
A  radial diffusion model has been used to explain 
kinetics of sorption organic compounds onto soils and 
sediments and to provide an explanation for sorption
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behavior in chromatographic and chemical engineering 
applications (Wu and Gschwend, 1986). In this model rapid 
attachment onto the surface of the grains is followed by 
slow diffusion into the interior of the particle.
Initially/ association with the surface is the rate 
controlling processes. After the surface sites are full, 
diffusion away from the surface into the interior of the 
particle becomes rate limiting. Transport into the particle 
interior can be via diffusion through the solid matrix or by 
transport in cracks and micropores (Wu and Gschwend, 1986; 
Ball and Roberts, 1991). Lee et al. (1988) describe another 
model in which different "fast" and "slow" surface sites 
take up sorbent at different rates. In this model the 
initial, rapid rate is due to filling of both types of 
sites. When the "fast" sites are full the "slow" sites 
become rate limiting. Unfortunately, sorption kinetic data 
can not be used to distinguish between these models, and 
several processes may be occurring simultaneously.
Another possible explanation for the observation of two 
rate processes is that the slow rate is due to alteration of 
the sorption system over the course of the experiment. For 
example dissolution or precipitation on the grain surface, 
alteration of mineral and amorphous phases on the surface, 
growth of slime layers or ablation of the surface coating 
could alter the particles and result in a change in the 
equilibrium between solution and sorbed species.
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A  number of studies of the kinetics of atrazine 
sorption onto marine sediment and soils have been reported. 
Two site models (Wauchope and Myers, 1985; Gamble and 
Ismaily 1992) and three site models (Gamble and Ismaily, 
1992; Gamble and Kahn, 1992; Ma and Selim, 1994) have been 
proposed to explain observed data. Ma and Selim (1994) have 
recently reported on the sorption of atrazine onto soils. 
They propose a second order kinetics model where sorption 
occurs at two sites, one with low energy which readily 
desorbs and a higher energy site which involves chemical 
binding, a  third site accounts for the sorption of the 
hydrolysis product hydroxyatrazine (Gamble and Kahn, 1990, 
1992). Novak et al. (1994) studied the effect of soil 
aggregate size on atrazine sorption. They found that 
sorption onto their soil materials was initially rapid 
followed by a slower sorption after several hours.
Aggregate size had little effect on atrazine sorption 
kinetics and the sorption could be described by a two site 
model
Little information is available on the kinetics of 
sorption of atrazine onto low organic carbon materials. In 
general, the rapidity of sorption and the low kd make it 
difficult to study the first few minutes of the sorption 
process. Several studies of individual mineral phases have 
been presented, but there have not been studies of atrazine 
sorption onto bulk aquifer solids. Gilchrist et al. (1993)
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studied atrazine sorption onto clays and soil clay fraction. 
They found that atrazine sorbed by both fast and slow 
reversible processes and stated that their results were 
consistent with a diffusion model of sorption.
In this study kinetics of HC-labelled atrazine 
sorption onto low OC aquifer solids was measured and an 
attempt made to relate measured rates to possible 
mechanisms.
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Materials:
Aquifer Solids:
Aquifer solid materials used consisted of unconsolidated 
sediments from aquifers at Canadian Forces Base Borden, 
Borden, Ontario; Barksdale Air Force Base, LA; Blytheville 
AFB, AZ; Columbus AFB, MS. and from the Columbia aquifer in 
Gloucester Co, VA. The sediments from Borden, Blytheville 
and Barksdale were kindly provided by Dr. T. Stauffer and 
their collection and treatment are presented in Stauffer et 
al. (1989). Columbus material was obtained from composite 
samples of split spoon cores in the saturated zone of the 
aquifer as described by Macintyre et al. (1993). Gloucester 
county material was obtained by hand auger from the 
unsaturated zone of the Columbia aquifer at a depth of about 
7 meters.
Solutions:
Atrazine of 98% purity was kindly provided by Ciba 
Geigy Corp. (Greenboro, NC.). It was used as received to 
prepare standards by dissolving about 100 mg in 1 L 
methanol. Analytical standards were made by dilution of 
this stock solution with HPLC grade water. 14C labelled 
atrazine was provided by the U.S. Air Force, Armstrong
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Laboratory/ Tyndall Air Force Base, FL, and was obtained 
from Sigma Chemical Corporation, St. Louis, MO, {250 
microcuries with a reported specific activity of 10.3 
millicuries/mmol, Ring UL - C14, Lot Number 087F9229) . The 
specific activity was measured by HPLC on a Partisil 
(Whatman) ODS-10 C-18 column with spectrophotometric 
detector (Perkin Elmer 1c 95 -uv/vis) and radiometric 
detector (FLO-ONE Beta Series A-100) in series. 
Concentration was determined by fitting peak area to a 5 
point standard curve. A  stock solution was prepared by 
dissolving the entire amount into 100 mL methanol. All 
dilutions of this stock solution were prepared with HPLC 
grade water (BSJ).
A  pH 4.8 buffer was prepared by adding 78 g sodium 
citrate (Fisher Sci. Co., Fairlawn,NJ) and 9.3 g sodium 
bicarbonate (Fisher) to 1 L water. Hydroxylamine 
hydrochloride solution was prepared by dissolving 10.00 g 
NH20H.HC1 (Eastman Kodak Co., Rochester, N.Y.) in 100 mL of 
DI water. Sodium acetate was prepared by adding 200.4 g 
NaC2H302.3H20 (Mallinckrodt, St. Louis, MO) to 800 mL water. 
Phenanthroline monohydrate (Sigma Chemical Co., St. Louis 
MO) solution was prepared by adding 0.1004 g to 100 mL 
water.
Iron standard stock solution was made by dissolving 
0.200 g ferrous ammonium sulfate (Fisher) in 1 L water.
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Working standards were prepared daily by diluting the stock 
solution with HPLC grade water.
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Methods:
Organic carbon content of the aquifer material samples 
was determined by acidifying about 1 g solid with 2 mL of 6N 
HCL, rinsing and air drying, followed by combustion and 
analysis of total carbon with a Leco (St. Joseph, Michigan) 
WR-112 Carbon Determinator set at 300-350 mA. A  total of 
five replicate were analyzed for each aquifer material.
BET surface area measurements were performed using a 
nitrogen desorption method. Prior to analysis each sample 
of aquifer material was oven-dried for at least 30 minutes 
at 110°C. Duplicate samples of about 1.5-3 g of each 
aquifer material were degassed at 120° for 10 minutes and 
analyzed on a Micromeritics FlowSorb 2300, using research 
grade gas consisting of 30% nitrogen and 70% helium.
Grain size analysis of the solids was done by wet 
sieving to determine percent sand and by sedimentation to 
determine percent clay and silt (McManus, 1988).
Surface iron analysis was done by a modification of the
procedures described by Lord (1982) and Cranfield (1989) for
the extraction of amorphous and crystalline Fe III. Between 
0.1 - 0.5 g sediment and 0.5 g sodium dithionate (NaSgOj 
solid (Fisher) were weighed into cleaned scintillation vials 
and 10 mL pH 4.8 buffer solution added. The mixture was
shaken for 1 hr at room temperature on a shaker table at 100
rpm. The vials were then spun in a centrifuge (make?) for
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15 minutes at 2000 rpm to settle particulate material. 5 mL 
of the supernatant was pipetted out and analyzed for 
dissolved iron concentration by the phenanthroline method 
(APHA, 1989). 5 mL of sample was diluted to about 100 mL
with HPLC grade water. 2 mL concentrated HCL and 10 mL 
NH2OH.HCL solution were added and the mixture placed on a 
hot plate and boiled down to 15-20 mL. The remaining 
mixture was transferred to a 100 mL volumetric flask. After 
10 mL NH4CzH302 solution and 4 mL phenanthroline solution 
were added, the mixture diluted to 100 mL with HPLC grade 
water and let stand for 20 minutes to allow color to 
develop. The absorbance was measured at 510 nm with a 
Spectronic 21 spectrometer (Milton Roy Co., Rochester N.Y.) 
and concentration determined by comparison with standard 
curves. Five replicate determinations were made for each 
aquifer solid.
Sorption Equilibrium:
Measurements of equilibrium sorption coefficients were 
done using 14C ring labelled atrazine. Sorption isotherms 
were established using a batch technique in which 4.5 ±
0.05 g of the aquifer solid was weighed into solvent rinsed 
glass scintillation vials, 10 mL of 14c atrazine solution 
was added and the vials were sealed with aluminum foil lined 
caps. Solution concentrations used ranged from 100 to
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100,000 disintegrations per minute (dpm)/mL or, by 
calculation from specific activity, about 0.001 to 1 mg/L. 
Sediment free blanks were prepared at the same time by 
adding 10 mL solution to empty vials. Triplicate vials were 
prepared for each solution concentration with each sediment 
and for sediment free blanks. Pilled vials were placed on a 
rotary shaker table in a horizontal position, and shaken at 
room temperature (22±2°C) for about 24 hours at 100-150 rpm. 
This was determined to be fast enough to keep all the 
sediment suspended.
After 24 hours the vials were removed from the shaker 
table and centrifuged for 15-20 minutes at 2000 rpm. Each 
vial was opened and 2 mL of the aqueous phase pipetted into 
a clean vial. 10 mL of scintillation cocktail (Beckman 
ReadySafe) was added, and 14C activity in the vials 
determined by counting on an Beckman LS 5000 TD counter for 
five minutes. Sediment free blanks were processed 
identically.
The concentration of 14C atrazine in solution was 
measured directly as the dpm/mL in the counting vials. The 
amount of atrazine sorbed on the aquifer solid was 
determined from the difference between the solution 
concentration in the vials with sediment and in the sediment 
free vials.
The sorption coefficient (Kd) was determined from a 
least squares best fit of a linear isotherm as the slope of
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plots on dpm/kg sorbed versus dpm/L in solution (Zar, 1984). 
Each isotherm was determined by three independent runs 
conducted on different days over a three month period.
Sorption Kinetics:
Sorption rate measurements for atrazine sorption onto 
Borden, Barksdale and Columbia aquifer solids were done by 
contacting aquifer material with 14C atrazine solutions in 
scintillation vials. Four grams (± 0.001) aquifer material 
were weighed into cleaned scintillation vials, 5 mL of 14C 
atrazine solution (about 35000 dpm/mL) added and the vials 
sealed with foil lined caps. Sediment free blanks were 
prepared at the same time. All samples and blanks were 
prepared in triplicate.
For short time samples (<10 minutes) the vials were 
shaken by hand. For longer time samples the vials were 
placed on the shaker table in a horizontal position and 
shaken at 100-150 rpm. Shaking was stopped and the vials 
opened after time intervals of 1, 5, 10, 30, 60, 90 minutes, 
and 3, 6, 12, 24 and 48 hours from the addition of the 14C 
atrazine solution. At the prescribed time the contents of 
each vial were poured into a plastic, disposable syringe and 
forced through a 0.45 micrometer syringe filter (Whatman, 13 
mm, PVDF). Initial tests using standard atrazine solutions 
showed that filtering could be accomplished in 5 seconds
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from pouring into the syringe to completion with no 
measurable sorption of atrazine on the syringe barrel and 
the filter cartridge.
The filtrate was collected in a cleaned vial and 1 mL 
pipetted into another cleaned vial with 10 mL of 
scintillation cocktail. The activity was counted, and 
solution concentration atrazine calculated from the specific 
activity. The sorbed atrazine concentration was determined 
by the difference between the solution concentration in the 
sample vials and the concentration in sediment-free blank 
vials. The rate of sorption was determined from the slope 
of a plot of micrograms atrazine sorbed per kilogram of 
sediment versus time. Two rates were determined for the 
initial, rapid sorption, and for a possible slow sorption.
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Results and Discussion
The measured characteristics of the aquifer materials 
are shown in Table 2. All the aquifer materials were 
predominantly made up of sand sized quartz grains. Many of 
the grains were partly or completely covered with surface 
iron mineral coatings. The OC in the materials was low, as 
expected for mature sediments which make up aquifers, and 
ranged from 0.024 to 0.068 percent by weight. Surface area 
ranged from 0.472 m2/g for Borden material to greater then 9 
m2/g for material from Blytheville. Surface iron, as 
measured by dithionate extraction, ranged from 0.11 to 2.7 
g/kg. For all solids except Columbus, the materials were 
predominantly sand sized (greater then 95%). The Columbus 
material was about 71 % sand sized grains.
A  typical sorption isotherm for atrazine sorption onto 
the aquifer materials is shown Figure 25. The isotherms for 
sorption onto all aquifer solids were linear over this 
concentration range, with correlation coefficients (r2) 
greater than 0.89. Fitting the data to other isotherm 
models such as the Freundlich did not provide significantly 
better fits. Each isotherm was determined in triplicate, 
and the mean and standard deviation of the sorption 
coefficient Kd are shown in Table 3.
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Figure 25. Typical Sorption Isotherm for Sorption of 
14C-Labelled Atrazine onto Blytheville 
Aquifer Solids
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Table 3. Sorption Coefficents (Kd) for Sorption of Atrazine onto Low 
Organic Carbon Aquifer Materials
Aquifer
Bun
Number
Kj
(L/kg)
R2 Mean Kd 
(set)
SPBD1 0 .094 0 .9 0 2
Barksdale SPBD2 0 .056 0 .970 0 .0 8 0
SPBD3 0 .088 0.961 (0.020)
SPBL4 0 .428 0 .997
Blytheville SPBL5 0 .497 0 .988 0 .463
SPBL6 0 .464 0 .998 (0.034)
SPB4 0 .086 0 .9 3 4
Borden SPB5 0 .103 0 .953 0.091
SPB6 0 .0 8 4 0 .8 9 4 (0.010)
C1 0 .5 1 2 0 .996
Columbus C2 0 .629 0 .997 0 .403
C3 0 .689 1.000 (0.090)
M1 0 .359 0 .997
Gloucester M2 0.417 0 .999 0 .403
M3 0 .433 0 .996 (0.039)
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Kd showed the strongest correlation {r2= 0.62) with BET 
surface area (Figure 26). Surface iron gave a marginally 
significant correlation (t-test probability = 0.095, r2 = 
0.28) as shown in Figure 27. Kd did not significantly
correlate with OC (Figure 28) (a = 0.01).
The sediments were predominantly sand sized. 
Interdependence between percent sand, silt and clay (2=100%) 
limited the value of correlation between grain size and kd.
Since surface area is a function of grain size (Borkovec et
<al., 1993) the measured surface area should contain the 
information in the grain size analysis.
A  stepwise multiple linear regression (Kleinbaum and 
Kupper, 1978) was used to try to assign weight to the 
correlations of Kd with surface area, surface iron and 0.
The results are shown in Table 4. The analysis showed that 
surface area was the most important variable and accounted 
for about 62 % of the variation in the measured Kd data. 
Including total surface iron accounted for an additional 6 
%. Inclusion of organic carbon did not significantly 
increase the fit. This suggests that surface area and 
surface iron are the most significant characteristics of the 
aquifer solid in controlling the sorption of atrazine. From 
a multiple linear regression of Kd to surface area (SA) and 
surface iron (SFe) a relationship between Kd and these 
parameters can be defined as:
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Figure 26. Sorption Constant (Kd) Versus Aquifer
Sediment Surface Area
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Figure 27. Sorption Constant {KdJ Versus Aquifer
Sediment Surface Iron
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Figure 28. Sorption Constant (Kd) Versus Aquifer
Sediment Total Organic Carbon
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Table 4 . Forward Stepw ise Linear Regression of Sorption Coefficient for 
Atrazine Sorption onto Low Organic Carbon Aquifer Solids
STEP # OR = .000 RSQUARE2 .000
VARIABLE COEFFICIENT STD ERROR STD COEF TOLERANCE F ■ pi
IN
1 CONSTANT
OUT PART. CORR
2 SA
3 DTE
4 TOC
0.776
0.499
0.418
■ . .1E+01 
. .1E+01 
. . 1E+01
19.724
4.300
2.753
0.001
0.059
0.121
STEP # 1 R- 
TERM ENTERED:
= .776 RSQUARE= 
SA
.603
IN
1 CONSTANT
2 SA 0.050 0.011 0.776 .1E+01 19.724 0.001
OUT PART. CORR
3 DFE
4 TOC
0.382
-0.294
« . 0.87597 
. 0.50003
2.046
1.133
0.178
0.308
STEP # 2 R= .813 RSQUARE^ 
TERH ENTERED: DFE
.661
VARIABLE COEFFICIENT STD ERROR STD COEF TOLERANCE F tpi
IN
1 CONSTANT
2 SA
3 DFE
0.044
0.061
0.012
0.043
0.686 0.87597 
0.257 0.87597
14.569
2.046
0.002
0.178
OUT PART. CORR
4 TOC -0.024 • . 0.23366 0.006 0.938
STEP # 3 R» 
TERM ENTERED:
• .813 RSQUARE* 
TOC
.661
VARIABLE COEFFICIENT STD ERROR STD COEF TOLERANCE F • pi
IN
1 CONSTANT
2 SA
3 DFE
4 TOC
0.046
0.057
-0.383
0.024
0.065
4.836
0.712 0.21654 
0.241 0.40933 
-0.029 0.23366
3.558
0.772
0.006
0.086
0.398
0.938
OUT PART. CORR
none
94
Kd=0 . 044 (SA) +0.61 (SFe) +0 . 83 (6)
(r2 = 0.684, n = 15) where Kd is in units of L/kg, surface 
area is in m2/g and surface iron is in g/kg. This 
relationship is shown as the best fit surface in Figure 29. 
This suggest that equilibrium sorption coefficients for 
sorption of atrazine onto low organic carbon aquifer solids 
can be described and predicted if the surface area and 
surface iron are known. Since these parameters explain only 
about 70 % of the variation in kd inclusion of additional 
parameters such as the amount of other metal oxides on the 
surfaces may improve the predictive relationship. However, 
this equation is sufficient for use in predictive models of 
groundwater transport.
The rate of sorption of atrazine sorption onto Borden, 
Barksdale and Gloucester solids are shown in Figures 30-32. 
Initial, rapid sorption resulted in greater than 90+ % of 
the total sorption. This rapid sorption was virtually 
complete within a few tens of minutes. The rate for this 
initial, rapid sorption is on the order of 1 pg/kg/minute. 
This initial fast sorption period was followed by a slower 
sorption at rates of 0.003 to 0.004 pg/kg/min {right hand 
portion of Figures 30-32). The slow process continued until 
the end of the experiment at 48 hours.
With all three materials an interesting drop in the 
amount of atrazine sorbed occurred between 15 and 25
95
Figure 29. Response Surface for Linear Best Fit of
Atrazine Sorption Coefficient Kd to sediment 
Surface Area and Surface Iron
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Sorption of Atrazine on Aquifer Solids
o o
Kd =  0 .044(S A ) +  0 .61  (DFE) +  0 .8 3
R2 = 0.684 n -  15
Figure 30. Sorption Rate for Atrazine Sorption onto
Borden Aquifer Solids. Note Multiple Scales
on Time Axis
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Figure 31. Sorption Rate for Atrazine Sorption onto
Barksdale Aquifer Solids. Note Multiple
Scales on Time Axis
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Figure 32. Sorption Rate for Atrazine Sorption onto
Gloucester Aquifer solids. Note Multiple
Scales on Time Axis
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minutes. On Borden material the drop was slight while on 
Barksdale it represented about 30 % of the amount sorbed at 
15 minutes. This decrease is not easily explainable in 
terms of existing sorption models- Similar patterns of 
rapid sorption for several minutes followed by a small 
decrease in amount sorbed have been seen in other studies of 
sorption of chlorinated guaiacols onto estuarine sediments 
(Gundersen, personal communication) and PAHs onto estuarine 
sediments (Liu, personal communication), and is possibly 
related to transformation of the surface of the sediment 
grains during the experiment. As yet this has not been 
satisfactorily explained. Additional experiments must be 
done to try to understand this behavior.
The initial rapid sorption followed by a slower 
sorption rate is similar to sorption kinetic trends reported 
for atrazine sorption onto soils and for sorption of other 
non-polar organic compounds onto low carbon aquifer 
materials. The two different rates suggest multiple 
processes are responsible for the sorption. From the 
measurements of sorption of atrazine onto Borden and 
Barksdale solids it appears that at least two different 
processes are occurring. The rapid sorption followed by 
slow sorption is consistent with a two box, two site or 
multiple site model of sorption.
There is evidence for an additional process involving 
changing nature of the surface of the sediment grains. The
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aberrant nature of the relationship between amount of 
atrazine sorbed versus time for the Columbia aquifer 
material suggests that the sediment surface is changing over 
time. There are several possible explanations for this.
The surface of the grains are partially to completely coated 
with iron oxyhydroxides. These phases may be dissolving and 
possibly redepositing on the surfaces over time. The 
surface area of the grains may be changing over time as the 
crystalline phase comes into equilibrium with the solution. 
If the surface area is increasing and interactions with the 
crystalline surface is largely responsible for the sorption 
of atrazine onto the grain, then over time sorption should 
continue at a slow rate.
There is much which is not understood about the 
sorption of atrazine onto low carbon materials and about 
sorption of organic chemicals onto geological solids in 
general. Additional research will be needed to understand 
the processes which control these reactions. Molecular 
scale measurements of the location and concentration of 
absorbed species are required to truly understand the 
mechanisms of these processes.
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Chapter 4: Catalysis of Atrazine Hydrolysis by Low
Organic Carbon Geological Solids
Abstract:
The rate of reaction for the hydrolysis of atrazine to 
hydroxyatrazine has been measured using batch techniques at 
elevated temperatures. Homogeneous hydrolysis rates in 
aqueous solution and heterogeneous hydrolysis rates in the 
presence of low organic carbon aquifer solids were 
determined at 150, 165 and 180 °C. Pseudo first order 
homogeneous rate constants at 150, 165 and 180 °C were 
0.00248, 0.00606 and 0.0164 min.-1 respectively. Comparison 
of the homogeneous and heterogeneous reactions rates showed 
no significant difference in all but one case. This shows 
that the hydrolysis of atrazine is not catalyzed by contact 
with sediments which make up the solid matrix of aquifers. 
Once atrazine has been transported with infiltrating water 
through the soil zone and incorporated into aquifers it is 
stable and will be transported with groundwater.
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Introduction:
Atrazine is the most commonly used synthetic organic 
agricultural compound worldwide. The relatively stable 
nature of the compound in the environment can lead to long 
term problems such as contamination of groundwater used for 
drinking water supply and degradation of water quality in 
surface water bodies which receive groundwater discharge.
If the compound persists for a long time/ repeated inputs 
can lead to build up of groundwater concentration, and, 
because of the time required for water to cycle through 
aquifer systems, will continue to pollute drinking water and 
surface waters for hundreds to thousands of years.
Research on the fate of atrazine and other triazine 
compounds in the subsurface environment has suggested that 
degradation proceeds fairly rapidly in aqueous and soil 
systems. The degradation is enhanced by interactions with 
geological solids in these environments which catalyze the 
hydrolysis of atrazine to its hydroxy analog (2-hydroxy-4- 
ethylamino-6-isopropylamino-l,3,5-triazine). This catalytic 
effect has been shown to be caused by interaction with 
functional groups on the surface the organic fraction of the 
solids. The degree to which a solid increases the 
degradation rate is related to the nature and amount of 
organic mater present in the solid.
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The geologic solids which make up the solid matrix of 
aquifers are significantly different from those in surface 
and soil systems. Aquifer solids are much lower in organic 
carbon content, and the organic matter present is generally 
older and highly weathered. These materials do not have the 
acidic functional groups and other characteristics known to 
be associated with triazine degradation catalysis. This 
suggests that these materials will have much smaller effects 
on the degradation rates of these compounds, and that once 
the compounds have been transported through the soil zone 
and incorporated into aquifer systems they will persist for 
much longer then predicted from studies of persistence in 
soil systems.
There has been little study of the effect of low 
organic carbon geological materials on the degradation of 
atrazine. The purpose of this study was to measure the 
degradation of atrazine in association with low organic 
carbon aquifer solids, and determine the magnitude of any 
catalysis of the reactions by contact with these solids.
Literature Review:
The hydrolysis of atrazine to its hydroxy analog is a 
major pathway f°r the chemical degradation of the compound 
in the environment. The reaction can be catalyzed by both 
acid and base {Plust et al., 1981; Burkhard and Guth, 1981),
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and by interactions with the surfaces of geological 
materials. In soil environments, microbially mediated 
removal of the alkyl side chains has been suggested as a 
major pathway for atrazine degradation. The literature on 
biodegradation of atrazine and related triazine compounds is 
reviewed by Kaufman and Kearney (1970), Erickson and Lee 
(1989) and Cook (1987).
Many studies have suggested that abiotic reactions are 
more important then microbial processes in the degradation 
of atrazine in aqueous and groundwater systems, and a number 
of studies have been done to evaluate the rate and to 
attempt to understand the mechanism of the abiotic 
degradation pathways. Homogeneous hydrolysis has been shown 
to be the major degradation route. Horrobin (1963) studied 
the hydrolysis of 2-chloro triazines and found that, in near 
neutral pH solutions, the reaction was very slow. The 
hydrolysis rate increased with either increasing or 
decreasing pH as a result of acid and base catalysis. He 
also described possible catalysis by buffers with phosphate 
buffer ions H2PO<" and HP04-2 having lower catalytic activity 
than other buffers such as acetate or phthalate ions. He 
proposed a mechanism for acid catalysis where protonation of 
the triazine ring is followed by hydrolysis of the 
protonated molecule by water.
Armstrong et al. (1967) found that, in buffered aqueous 
systems and in soils, the hydrolysis reaction from atrazine
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to hydroxyatrazine followed first order kinetics, and that
the rate was pH dependent. They measured acid catalyzed
hydrolysis at pH 1.3, 2.2 {HC1 buffered), 3.1 (citrate 
buffered) and base catalyzed hydrolysis at 11.9 and 12.9 
(NaOH) at 25 °C, and reported atrazine half-life as a 
function of pH to be:
logtj.=0 .62 (pH) -0 . l (7)
2
in acid solutions and
Jogrtj. =5 . 64-0 .91 (pH-7) (8)
2
in basic solutions. They also found that the reaction rate 
increased tenfold in the presence of sterilized soil, and 
speculated that acid catalysis of the hydrolysis reaction 
resulted from protonation of a ring or chain nitrogen was 
followed by cleavage of the C-Cl bond by water.
Hance (1967) measured the hydrolysis of atrazine at 
elevated temperatures and extrapolated to 20 °C according to 
the Arrhenius equation. He reported half lives for 
homogeneous hydrolysis at 95 °C of 348 and 90 hours for
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atrazine solutions in distilled water and pH 6 buffer.
These were less then half lives measured in soil and 
bentonite slurries leading him to conclude that chemical 
hydrolysis was not an important degradation mechanism. His 
analytical procedures may account for this disagreement with 
other results. For example, he analyzed atrazine in his 
reaction solution by the pyridine-alkali-ethyl-cyanoacetate 
method which may not be able to distinguish between atrazine 
and hydroxyatrazine. He also stated that he used a 60 ppm 
solution in his experiments, since this is above the 
solubility limit it leads to questions about his procedures.
Skipper et al. (1967) also reported that, in soils, 
abiotic degradation of atrazine to hydroxyatrazine was the 
major degradation pathway. Jones et al. (1982) found that, 
in estuarine sediment-water and soil systems, atrazine half 
lives are several tens of days and hydrolysis to 
hydroxyatrazine is the major degradation pathway.
Gamerdinger et al. (1991) measured a degradation rate 
constant of 0.0019 hr"1 in batch soil slurry studies.
Burkhard and Guth (1981) studied the chemical degradation of 
chlorotriazines in soils and buffered solutions. They found 
that elevated temperatures were required to get meaningful 
data on reaction rates in a reasonable period of time. They 
reported Arrhenius activation and pre-exponential parameters 
for the hydrolysis reaction in acid, near neutral (pH = 5) 
and basic solutions of E, = 8.5, 5.61 and 8.04 kJ/mol and A
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= 1.08xl09, 9.20xl0z and 3.20x10® s"1. These allowed 
calculation of half life for atrazine at 20 °C of 9.5 (0.1 M 
HCl), 86 (pH 5) and 5 (0.1 M NaOH) days.
Plust et al. (1981) studied acid and hydroxide 
catalysis of the homogeneous reaction at elevated 
temperatures. Using literature values for reaction rate 
constants along with their measured values they calculated 
Arrhenius parameters for the acid, base and buffer catalysis 
reactions of atrazine hydrolysis in more neutral pH 
conditions. From linear regression fit to a compilation of 
their data along with data from the literature they found 
that hydrolysis was first order with respect to H+ and OH" 
activity, and that the apparent rate constant is a 
combination of these reactions, in addition they found 
buffer catalysis by phosphate buffers, but no evidence for 
uncatalyzed or water catalyzed reaction. They reported 
Arrhenius parameters for the acid, base and phosphate 
catalyzed reaction of 20.9, 17.6 and 21.5 kcal/mol for 
activation energy and 25.6, 20.1 and 17.3 for In A. They 
postulated that, in addition to the hydrolysis of 
monoprotonated atrazine mechanism described by Horrobin 
(1963) for triazines and by Armstrong et al. (1967), an 
additional acid catalyzed reaction was necessary to account 
for observed reactions rates in highly acidic solution.
They proposed a reaction mechanism where diprotonation of 
the triazine ring results in a much more rapid hydrolysis.
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They proposed that the apparent reaction rate constant (k1) 
was a function of these different reactions and could be 
described by:
k'=- K.a2
Kal+[H+]
A.
(9)
a2
where Kal is the equilibrium constant for first protonation 
of atrazine, Ka2 is the second protonation equilibrium 
constant, kx is the rate reaction rate constant for 
hydrolysis of monoprotonated atrazine and k2 is the 
hydrolysis rate constant for the diprotonated form.
Gamble et al. (1983) measured the acid hydrolysis rate 
and generally confirmed the results of Plust et al. (1981). 
They found k, = 0.14 d"1 and so k 1 = (0.140 [H+] )/(0.0245 + 
[H+]. Chan et al. (1992) studied the degradation of 
atrazine by hydrolysis and by hydroxyl radicals over a range 
of pH. They measured reaction rates and, at pH = 1.4, an 
activation energy of 67.7 kJ/mol and log A = 9.6.
Heterogeneous catalysis of atrazine hydrolysis in soils 
and estuarine sediments greatly increases the reaction rate 
(Burkhard and Guth, 1981; Jones et al., 1982). Soil pH has 
a large effect on atrazine degradation and the organic 
content is also directly correlated with degradation rate
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(Best and Weber, 1974). Armstrong et al. (1967) found that 
the presence of sterilized soil increased the hydrolysis 
rate tenfold. Soil organic matter and pH were the soil 
properties associated with the catalysis.
Gamble and Kahn (1988) applied a Bronsted acid 
catalysis model to the catalysis of atrazine by humic acid 
and found that carboxyl functional groups catalyzed 
hydrolysis. They reported catalyzed hydrolysis rate 
constants of 1.8 x 10 d'1 to 2.9'1 d_1.
The sediments which make up the solid matrix of 
aquifers are significantly different from soils. Aquifer 
solids typically have very low organic carbon content and 
the organic carbon present is much more mature. The 
mechanisms which have been suggested for the catalysis of 
atrazine hydrolysis in soils such as basic catalysis by 
nucleophilic compounds, acid catalysis by acidic functional 
groups on the surface or in the interior of soil grains 
and/or Fe dissolved from the soils, or acid catalysis in 
microenvironments near the soil particle surface (Armstrong 
et al., 1967) will not occur in aquifers. The objective of 
this study was to use experimentally determined reaction 
rates for homogeneous hydrolysis and heterogeneous 
hydrolysis in the presence of aquifer solids to study 
possible catalysis by low organic carbon geologic solids.
Studies of reaction rates for reactions which proceed 
slowly at environmental temperatures require elevated
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temperatures to achieve measurable reaction within 
reasonable time. This technique is widely used in 
pharmaceutical and chemical fields (Eriksen and Stelmach, 
1965; Connors, 1990), and has been used in environmental 
chemistry to study the degradation rates for environmental 
contaminants (Jeffers, 1989). Plust et al. (1981), Hance 
(1967), Gabriei et al. (1992) and others have used studies 
of atrazine hydrolysis at elevated temperatures to 
extrapolate estimated rate constants at environmental 
temperatures. In aqueous solutions temperatures above 100°C 
present a problem if the reaction under study is pH 
dependant. It is not possible to calculate the hydrogen and 
hydroxide ion activity accurately at these temperatures.
The log of the ion product of water {-pKJ for pure water at 
these temperatures is known only to about ± 0.1 (Marshall 
and Franck, 1981). For solutions with buffer ions and metal 
ions the hydrogen ion activity varies with the concentration 
of the ions present, the density of the solution, K* and 
ionic strength. Determining the values for pH and pOH 
requires knowledge of the dissociation constants of the 
salts present and of any ion pairing which can occur. This 
information is not known for most systems. For example, the 
second dissociation constant for phosphoric acid, needed to 
calculate the ratio of H2PO<" to HP<V2 in a phosphate buffer 
solution is not known within an order of magnitude, and 
polymerization of phosphate species may occur (Read, 1988).
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The lack of data, low precision in available data and 
assumptions required to calculate the pH and pOH of a 
solution containing buffer ions and having ionic strength 
higher then 0.01 introduce uncertainties into the 
calculations which make it impossible to accurately 
determine true EA and A  from high temperature reaction 
measurements.
One way to use elevated temperature reaction kinetic 
data is by comparison of reactions at the same temperature. 
While it is not possible to determine the absolute value of 
thermodynamic constants such as activation energy, relative 
values can be used to study reactions where only one 
variable is changed. The difference between the apparent 
rate constant with and without the addition of aquifer 
solids into a reaction solution gives a measure of the 
catalytic effect of the solids. In this study homogeneous 
and heterogeneous reaction rates determined at the same 
temperatures were compared to evaluate possible catalysis of 
the reaction by aquifer solids.
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Methods and Materials:
Atrazine and hydroxyatrazine were kindly provided by 
Ciba Giegy Corp. The compounds were greater then 98% pure 
and were used as received. Stock solutions were prepared by 
dissolving approximately 100 mg of solid in reagent grade 
methanol (B&J). Analytical standards were prepared by 
dilution with HPLC grade water (B&J). Saturated atrazine 
and hydroxyatrazine solutions were prepared by dissolving 
excess solid in HPLC grade water in a saturator flask. 
Phosphate buffer solutions were prepared by dissolving 
KH2PC>4 (Fisher) and NaHPCVH20 (Fisher) in HPLC grade water. 
Reaction solutions containing about 20% saturated atrazine 
were prepared by diluting 50 mL of saturated solution with 
200 mL buffer.
Atrazine and hydroxyatrazine were analyzed by HPLC 
using a Waters HPLC equipped with an auto sampler.
Separation was achieved with a Whatman ODS-10 reverse phase 
column with a liquid phase consisting of 60% methanol/ 30 % 
water and 5 % 3N acetic acid. Detection was by UV 
absorption at 221 nm. Concentration was quantified by 
fitting to standard curves (at least 15 point) prepared in 
conjunction with sample analysis.
Aquifer materials used consisted of unconsolidated 
material from aquifers at Canadian Forces Base, Borden, 
Ontario; Barksdale AFB, LA; Blytheville AFB, AZ; Columbus
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AFB, MS. and from Gloucester Co, VA. The collection and 
treatment of Borden, Barksdale and Blytheville materials are 
presented in Staffuer et al. (1989). Columbus material was 
obtained from composite samples of split spoon cores in the 
saturated zone of the aquifer in the test region described 
by MacIntyre et al. (1993). The Gloucester county aquifer 
material was obtained by hand auger at 7 m  below ground 
level in the Columbia aquifer.
Batch reaction studies were done in sealed borosilicate 
ampoules made from solvent washed Disposo-tubes (B&J). A 
converted Perkin Elmer gas chromatograph oven was used as a 
reaction chamber to maintain constant temperature (±1 °C ).
For homogeneous reaction runs 0.5 mL of solution was 
injected into ampoules using an syringe. The ampoules were 
sealed with a propane-oxygen flame and packed in steel 
screen bags. The bags were loaded into a preheated GC oven 
and held at reaction temperature. At various sampling times 
the oven was opened and a bag containing three ampoules was 
removed. The bag was quickly immersed in an ice-water bath 
to quench the reaction. The ampoules were then opened and a 
subsample analyzed by HPLC. The reaction rate constant was 
determined from the slope of a linear least squares best fit 
line of the natural log of concentration versus time (Figure 
33) (Guggenheim, 1926). Homogeneous reaction rates were 
determined by replicate runs at 150, 165 and 180 °C.
Initial solution pH measured at room temperature was 7.11.
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Figure 33. Results of Typical Homogeneous Hydrolysis
Reaction. Slope of Regression of Natural Log 
of Concentration Versus Time = - Rate 
Constant
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Heterogeneous reaction rates were determined by adding 
0.1 to 0.4 (± 0.001) g of aquifer solid to ampoules prior to 
filling with atrazine solution. The ampoules were sealed, 
packed in screen bags along with homogeneous ampoules and 
loading in the oven. At sampling times the bags were 
removed from the oven, quenched at 0°C and opened. The 
ampoules were placed in a centrifuge and spun at 2000 rpm 
for 15-20 minutes to settle suspended sediments. Subsamples 
were then removed for HPLC analysis. Preliminary runs 
showed that varying the amount of sediment from 0.1 g to 0.4 
g did not alter the reaction rate so 0.1 g was used in all 
runs to minimize solid-liquid separation problems.
Duplicate runs were conducted for each sediment at 150, 165 
and 180 °C.
Possible catalytic effect was evaluated by comparing 
reaction rate constants determined from plots of natural log 
concentration versus time for homogeneous and heterogeneous 
reactions. Student's t (a = 0.01) was used to test the 
homogeneity of slopes for pooled data from runs with each 
sediment and sediment free runs at each temperature (Zar, 
1984).
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Results and Discussion:
Reaction rate constants for pooled data from 
homogeneous reaction runs at 150, 165 and 180 °C are given 
in Table 5 and shown in Figure 34. Heterogeneous reaction 
rate constants at 150, 165 and 180°C are shown in Table 5 
and Figures 35-37. There was no significant difference {a = 
0.01) in the reaction rate constant calculated as the slope 
of the linear least squared best fit line through the pooled 
data for homogeneous and heterogeneous reactions in all but 
two cases. The reaction rate constant for the 150 °c 
Blytheville and 180 °C Borden runs were significantly 
different from the sediment free reaction rate constants at 
those temperatures. The 150 °c Blytheville rate was slower 
then the homogeneous reaction rate. It is difficult to 
conceive of a mechanism which would result in a decrease in 
hydrolysis suggesting that this difference is not real but 
is an experimental artifact. The difference between the 180 
°C Borden reaction rate and the 180 °C homogeneous reaction 
rate was significance and is possibly real. The rate for 
hydrolysis with Borden sediments at 150 and 165 °C was not 
different from the homogeneous rate. The increased rate at 
180 degrees indicates a catalytic effect which increases the 
hydrolysis reaction rate by a factor of 2. While 
statistically significant this is of small environmental 
significance because doubling the rate does not greatly
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Figure 34. Homogeneous Hydrolysis Reaction Rates for
Atrazine Hydrolysis at 150, 165 and 180 °C
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Figure 35. Homogeneous and Heterogeneous Reaction Rates
for Atrazine Hydrolysis at 150°C
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Figure 36. Homogeneous and Heterogeneous Reaction Rates
for Atrazine Hydrolysis at 165°C
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Figure 37. Homogeneous and Heterogeneous Reaction Rates
for Atrazine Hydrolysis at 180°C
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alter the overall persistence of the compound. At lower 
temperatures and environmental temperatures this difference 
would be insignificant.
That the hydrolysis reactions did not proceed faster in 
the presence of sediments at elevated temperatures/ where 
any difference in rate would be more readily apparent, 
suggests that these solids do not act as catalysts for the 
hydrolysis of atrazine. Only homogeneous hydrolysis 
reactions will thus affect the compound once it has been 
transported past the soil zone and into aquifer 
environments. These reactions have been shown to be very 
slow under environmental conditions so in groundwater 
atrazine will persist for hundreds to thousands of years.
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SECTION 4: Physical Processes at the Sediment-Water
Interface
Chapter 5: Cycling of Water Through the Sediment-Water
Interface by Passive Ventilation of Relict 
Biological Structures
Abstract:
The biogeochemical environment of benthic sediments is 
affected by seawater transport across the sediment-water 
interface and within the sediment pore spaces. Water 
circulation through the near surface sediments is produced 
by passive pumping of relict biostructures such as worm 
tubes and burrows. This passive ventilation results from 
hydrodynamic interactions between structures that protrude 
from the sediment surface and flowing water in the overlying 
boundary layer.
Flow over the end of a cylindrical worm tube projecting 
above the sediment surface into the benthic boundary layer 
results in lowered pressure in the tube and in sediments 
around the bottom end of the tube. This induces flow of 
surface water through the adjacent sediment, and back to the 
surface through the tube. A  physical mechanism for this 
passive circulation is presented. A  mathematical model of 
interstitial water circulation produced by passive
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hydrodynamic effects has been solved analytically for steady 
flow in homogeneous isotropic sediments. MODFLOW, a finite 
difference groundwater flow model, is used to numerically 
determine the hydraulic gradients induced and the resulting 
flow through sediments near a structure under various 
conditions. The magnitude of passive irrigation fluxes 
depend on the size and position of relict structures, 
velocity of overlying surface water, hydraulic conductivity 
of the sediments, and the spatial distribution of tubes.
For a typical sandy sediment, the hydraulic head in 
sediments near the bottom of a tube can be reduced by up to 
several centimeters, and the zone of reduced head can extend 
over several hundred cm2 around the tube. Surface water is 
drawn into the sediment throughout this area with a mean 
influx velocity of 10'3 cm/s or greater, yielding discharge 
rates on the order of tens to hundreds of mL/hr. These 
passive fluxes are the same magnitude as active pumping 
rates, significantly greater than molecular diffusive 
fluxes, and may represent a major driving mechanism for 
cycling water through surface sediments.
In areas of groundwater discharge to surface waters 
passive ventilation can act to focus or channel groundwater 
seepage. This can affect the magnitude and rate of 
groundwater flux across the sediment-water interface.
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Introduction:
Movement of water across the sediment-water interface 
and within near surface sediments may control the cycling of 
nitrogen, phosphorous, carbon, sulfur and trace metal 
species between sediments and the water column. Fluxes of 
these solutes into and out of sediments must be evaluated in 
order to determine the strength of coupling between 
sediments and the overlying water column. For example, the 
decomposition of organic matter, biologically catalyzed 
redox reactions of minerals and solutes in interstitial 
water, metal oxide formation at the sediment water 
interface, and phosphate mobilization by solution and 
desorption are controlled by the movement of water and 
dissolved and suspended material within the sediment pore 
spaces and across the sediment-water interface (Berner, 1971 
and 1976; Aller, 1980a and b; Balzer, 1982; Blackburn, 1986; 
Balzer et al., 1987). Water movement within pore spaces is 
also a major factor influencing the distribution of infauna 
(Riedl and Machan, 1972). The flow of groundwater across 
the interface in areas of submarine groundwater discharge, 
and biochemical processes, such as denitrification, acting 
in the interfacial zone are also controlled by the magnitude 
and rate of water movement within and through the sediments.
Mechanisms which may drive the flow of water and 
solutes across the sediment-water interface and within the
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pore spaces of sediments include molecular diffusion 
(Hesslein, 1980)/ density driven convection (Musgrave and 
Reeburgh/ 1982), wave induced advection (Webb and Theodor, 
1972; Harrison et al., 1983; Shum, 1992); groundwater 
seepage (Sayles and Jenkins, 1982; Valiela et ai., 1990) and 
interactions of bioroughness with flow in the benthic 
boundary layer (Huettel and Gust, 1992).
Active pumping by benthic organisms can also move a 
large amount of water across the interface and through pore 
spaces. Transport by active pumping in biological 
structures at rates of 3-70 mL/hr has been reported (Mangum, 
1964; Mangum et al., 1968; and Hoffman and Mangum, 1970). 
Organisms living at the interface between a solid and fluid 
have also been shown to use passive ventilation to reduce 
the energy costs involved with tube or burrow irrigation 
(Vogel and Bretz, 1971; Vogel et al., 1973). Passive 
irrigation of relict biological structures left after the 
organism dies has been suggested as another mechanism for 
inducing flow into and through sediments (Weaver and 
Schultheiss, 1983; Ray and Aller, 1985).
Many coastal and deep sea organisms build cylindrical, 
vertically-oriented tubes. Examples include common 
polychaetes such as Clymenella torquata which build tubes 20 
cm long and 0.2 cm inner diameter (Mangum, 1964); Onuphis 
jenheri which builds tubes 70 cm long with a 0.3-0.4 cm 
inner diameter (Aller et al., 1983); and Diopatra cuprea
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(Magnum et al., 1968). These tubes are often fairly stable 
and can last for months or years after being vacated 
(Jumars, 1975; Aller and Aller, 1986). Tubes are typically 
constructed of sand grains cemented together with an inner 
polysaccharide lining approximately 20 pm thick and an outer 
sandy layer 200 pm thick (Aller et al., 1983; Jensen, 1991), 
or can be parchment-like tubes which the animal secretes 
(Riisgaard, 1989). The cement is largely proteinaceous and 
may be resistant to deleterious effects of the marine 
environment (Jensen, 1991). Many of these worm tubes 
protrude 3-10 cm or more out of the sediment into the 
benthic boundary layer (Aller and Aller, 1986).
Because many cylindrical tubes exist in the marine and 
near-shore environments where they are exposed to water 
movement due to waves, tides and currents, passive 
ventilation is probably a wide spread phenomenon. 
Understanding the hydrodynamics of this process requires an 
understanding of benthic boundary flow and flow through 
porous medium. An analytical solution is presented which 
describes the hydrologic process which can induce flow 
through relict tube structures and movement of water across 
the sediment-water interface by passive ventilation. We 
then use the MODFLOW three-dimensional finite difference 
groundwater flow model (MacDonald and Harbaugh, 1988) to 
examine the effects of variations in surface water velocity, 
worm tube position, hydraulic conductivity of the sediments
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and worm tube spatial density on the pressure field and 
interstitial flow field in sediments. The hydraulic head 
field within sediments around structures and flow rates and 
water fluxes across the sediment-water interface in the 
vicinity of tubes were calculated from the model, possible 
channeling or focusing of groundwater seepage at the 
interface is examined.
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Theory:
Under steady flow conditions, pressure within a moving, 
incompressible fluid varies inversely with the square of the 
mean fluid velocity as described by Bernoulli's equation 
(McCabe and Smith, 1976):
P + pgzw + pu2 = constant (10)
where P is pressure, p is fluid density, g is gravitational 
acceleration, zw is thickness of the overlying water column 
(in this discussion the sediment-water interface is taken as 
zero elevation and z is positive upwards), and u is mean 
fluid velocity.
When water flows over a rough bed, such as the 
sediment-water interface, friction with the bed causes a 
decrease in velocity in the boundary layer near the bed. 
Velocity is zero near the bed and increases above the bed 
until, at some distance above the bed, it is unaffected by 
bottom friction. In most natural systems flow in the 
boundary layer is turbulent, and the velocity increases 
logarithmically with height above the bed (Dyer, 1986). 
Velocity within this log layer can be described by the law 
of the wall:
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uz/u. = (1/k ) ln{z/z0) (11)
where uz is mean fluid velocity at elevation z above the 
bed, u* is the shear or friction velocity, k is von Kantian's 
constant (0.4), and z0 is bed roughness height (Wright,
1989).
Combining equations 10 and 11 and differentiating with 
respect to z shows that pressure within a fluid flowing over 
a rough bed decreases with elevation above the bed, and is a 
function of the roughness of the bed and the shear velocity:
dP/dz = -pg - (p/z) (u ./k )2 ln(z/z0) (12)
The top of an impermeable structure such as a relict 
worm tube or burrow that protrudes above the sediment into 
the boundary layer will experience reduced pressure below 
hydrostatic pressure. This pressure deficit will be 
transmitted down the tube to a point within the sediment at 
the open bottom of the tube. Consequently, the pressure or
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hydraulic head in the interstitial water at the bottom of 
the tube will be lower than that in the adjacent sediment.
Movement of water through porous media results from 
gradients in hydraulic head within the sediments, and can be 
described by Darcy's equation:
vD = Q/A = K„ (3h/9x)+Ky{9h/3y)+KZ (3h/9z) (13)
where vD is the average or Darcy velocity, Q is the flux of 
water over cross-section A, K*, Ky, and are the hydraulic 
conductivities in the x, y and z direction and h is the 
piezometric head. When the overlying water is not moving, 
pressure within a structure protruding across the sediment 
water interface will be hydrostatic and solely a function of 
the weight of the overlying water column. In the sediments 
around the structure the pore water will also be under 
hydrostatic pressure.
When the overlying water is flowing, the Bernoulli 
effect results in a pressure deficit within the structure 
which is transferred down into the sediments. This deficit 
results in the tube or burrow being at a lower pressure then 
the surrounding sediments. The resulting hydraulic 
gradients cause water to flow through the sediments to the 
structure and through it into the surface water (Figure 38).
132
Figure 38. Schematic Diagram of Passive Pumping by a 
Worm Tube Projecting from the Sediment 
Surface. Q - Induced Flux, z = Elevation of 
Upper Open End of Tube Above the Sediment- 
Water Interface, Zt = Depth of Lower End of 
Tube Below Interface, u2 = Mean Surface Water 
Velocity at Elevation Z
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The magnitude of this flux is a function of the induced 
hydraulic gradient and the hydraulic conductivity of the 
sediments.
Since most such structures have walls which are 
impermeable compared with sediment (Aller, 1983) tubes and 
burrows act as a conduit for the flow of water out of the 
sediments. The flux of water out of a tube or burrow is 
analogous to flow from a cased well pumping groundwater from 
an aquifer. Using the method of image well analysis for a 
pumping well (Bear, 1972) the hydraulic head around a 
pumping well or around a tube structure pumping by passive 
ventilation can be described. For an isotropic media (K=KX= 
Ky=Kz) the variation of head with depth below the sediment- 
water interface (z) and horizontal distance from the 
structure (x and y) is defined by:
h = Q/4rcK { [x2+y2+(z-zt)2]"l/z - [x2+y2+ (z+zt)2]-l/2} + h0 (14)
where h0 is the hydraulic head at the interface due to the 
overlying water and zt is the depth of the lower end of the 
tube below the sediment-water interface. Differentiation 
gives the spatial distribution of the hydraulic head 
gradient within the sediments.
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3h/3x= Qx/4xK{ [ (x2+y2+(z-zt)2)_3/2] - [ (x2+yz+(z+zt)2)'3/2] } (15)
3h/3y= Qy/4xK( [ {x2+y2+{z-zt)2)_3/2]-[ (x2+y2+(z+zt)2)-3/l2] } (16)
3h/3z=Q/4jrK{ [ (z-zt) / (x2+y2+ (z-zt)2)3/2]-
[ (z+zt)/(x2+y2+(z+zt)2)3/2J (17)
The spatial distribution of the Darcy velocity within 
the sediments can then be found by multiplying the head 
gradient by hydraulic conductivity of the sediment:
vx= Qx/4x{ [ (x2+y2+(z-zt)2)'3/z]- [ (x2+y2+(z+zt)2)’3/2] } (18)
vy= Qy/4rc{ [ (x2+y2+ (z-zt)2)_3/2]- [ (x2+y2+ (z+zt)2) "3/2J } (19)
vz= Q/4n{ [ (z-zt) / (x2+y2+ (z-zt)2)3/2] — £ (z+zt) / (x2+y2+(z+zt)2)3/2}
(20)
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This analytical solution describes the flow of 
interstitial water near a tube for only a simple case of one 
structure in an isotropic homogeneous medium. Analytical 
solutions are not available for more complex situations, but 
it is possible to use numerical modeling to evaluate more 
complex systems. MODFLOW, the U.S. Geological survey 
Modular Three-Dimensional Finite-Difference Ground-Water 
Flow Model is widely used to model flow of water in aquifer 
systems (MacDonald and Harbaugh, 1988), anc* c&n be used to 
simulate cylindrical flow to a well (Reilly and Harbaugh, 
1993) . It can be used to examine flow in complex systems 
and can be used for modeling flow through benthic sediments.
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Mathematical Modelling:
The effects of variation in surface water velocity, 
worm tube position and physical characteristics of the 
sediment on hydraulic head gradients within sediments and 
water flux across the sediment-water interface and through 
sediments were evaluated using MODFLOW simulations. Head 
distribution and flow through a 15x15x15 cm volume of 
sediment with a tube at the center was used to represent 
flow around a structure {Figure 39). The sediment volume 
was divided into 1 cm3 blocks and head at the center of each 
block and flow through each face were calculated by the 
model. The total flux across the sediment-water interface, 
through sediment pore spaces and out the tube were found by 
calculating the influx over the entire block.
The sediments were assumed to be isotropic and 
homogeneous. A  constant head layer at the sediment-water 
interface was used to represent the head due to the 
overlying water column. The initial head throughout the 
block was arbitrarily set at 10 cm. In the case of 
groundwater discharge head increased with depth in the 
block. A  1 cm3 constant head point or sink point 
represented the point of lowered pressure at the bottom of 
the worm tube. The Strongly Implicit Procedure Package and 
steady state flow conditions were used to model the 
hydraulic head and pore water velocity distributions around
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Figure 39. MODFLOW Simulation Geometry for Analysis of 
Passive Pumping by a Worm Tube. 15x15x15 cm 
Block of Isotropic, Homogeneous Sediment with 
Tube in Center. Shaded Plane Represents a 
Vertical Cross-Section Through the Center of 
the Block
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the sink point. The decrease in pressure resulting from 
variation in surface water velocity at the top of a tube 
extending into the boundary layer was calculated from 
equation 10 (Figure 40) and input to the model by varying 
the initial hydraulic head at the sink point. Velocities 
used represented those for current, tidal and wave motion 
(Chriss and Caldwell, 1982; Lambrakos, 1982; Wright et al., 
1992; and Libelo, unpublished data) and ranged from several 
cm/sec to about 150 cm/sec. The length of a tube within the 
sediment was represented by varying the depth of the sink 
point within the sediment from 2 to 10 cm. Hydraulic 
conductivities used represented a range of sediment types 
from clays and silts to well sorted sands and gravels (table 
6). The effect of multiple tubes was represented by multiple 
sink points within the sediment block. Tube density was 
kept below 2 to 3 % of the total surface area to minimize 
the effect of roughness element distribution on boundary 
layer flow (Nowell and Church, 1979; Raupach et al., 1980).
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Figure 40. Variation in Hydraulic Head at Bottom of Tube 
as a Function of Surface Water Velocity (uz) 
at the Top of Tube
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Table 6. Typical Hydraulic Conductivity of Sedimentary 
Materials (after Fetter, 1988).
Sedim ent Type Hydraulic Conductivity 
(cm/s)
Clay 10 ® to 10 ®
Silt, sandy silt, clayey sands 10 6 to 10-4
Silty sands, fine sands 10 e to  10 3
Well sorted sands 10*3 to 10'1
Well sorted gravel 10 2 to  1
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Results and Discussion:
Variation in the surface water velocity across the 
upper end of tubes results in decreased pressure at the 
bottom of a tube, and has a large effect on the hydraulic 
head distribution within the surrounding sediments (Figure 
41a and b) . Pore water flow through the sediments is 
induced and water discharges through the tube into the 
surface water. Water is drawn across the sediment-water 
interface into the sediments. Water infiltration velocities 
decrease with distance away from the tube, and are on the 
order of 0.01 to 1 cm/hr (Figure 42). Total water flux 
across the interface varies as the square of the surface 
water velocity at the upper end of the structure, and is on 
the order of 10"2 mL/sec (1 mL/min) over the area affected 
by a tube (Figure 43). The radius of influence, or the 
distance from the tube where flow in the sediments is 
affected, is several tens of centimeters.
Variation in the depth of the tube in the sediment 
changes the position of the hydraulic head field but does 
not greatly alter its shape or size (Figure 44). Variation 
in depth of the tube results in changes in flux across the 
surface smaller than those resulting from variations in 
surface water velocity (Figure 45) .
For a particular tube geometry and surface water 
velocity the calculated flux of water varies linearly with
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Figure 41a,b Hydraulic Head Distributions in Vertical
Cross-Section Of Sediment (shaded plane in 
figure 2) at Different Surface Water Velocity 
(uz) . Zt = 4 cm. Hydraulic Conductivity of 
Sediments = 10"3 cm/s. Initial Head = 10 cm. 
Hydraulic Head Contour Interval = 0.02 cm in 
4a and 0.1 cm of Water in 4b
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Figure 42. Infiltration or Vertical Velocity at the
Sediment Interface Around a Tube at Different 
Surface Water Velocities (uz). Zt = 4 cm. 
Hydraulic Conductivity of Sediments = 10"3 
cm/sec
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Figure 43. Flux of Water Across the Sediment-Water 
Interface as a Function of Surface Water 
Velocity. Zt = 4 cm. Hydraulic Conductivity 
of Sediments = 10‘3 cm/s
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Figure 44. Hydraulic Head Distributions in Sediment With
Varying Tube Depths. uz = 1 m/sec. Hydraulic 
Conductivity of Sediments = 10“3 cm/s. 
Hydraulic Head Contour Interval = 0.2 cm
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Figure 45. Flux of Water Across the Sediment-Water
Interface as a Function of Tube Depth. u2 = 1 
m/sec. Hydraulic Conductivity of Sediments = 
10“3 cm/s
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the hydraulic conductivity of the sediments (Figure 46)• 
Hydraulic conductivities of unconsolidated sediments range 
from 10'9 for muds and silts to 1 O'2 for well sorted sands 
and gravels (table 6). For sandy sediments with hydraulic 
conductivities of 10-2 to 10"3 cm/s and surface water 
velocity of 10 to 100 cm/sec flux across the interface 
resulting from passive pumping of the tube is on the order 
of 10 to 100 mL/hr. In many coastal and estuarine 
environments with higher wave, tide and current energy and 
courser sediments, passive ventilation is likely to be an 
important mechanism for moving water though the pore spaces. 
In finer grained, poorly sorted sediments with lower 
conductivities the flux is lower but still significant.
The spatial distribution of tubes affects the flow 
through the sediment. Actual abundances of polychaete tubes 
can range from 0 to 700 m-2 for Clymenella torquata (Dobbs 
and Whitlatch, 1982; Schneider, 1992) and from 0 to 21,800 
m-2 for Diopatra cuprea (Bailey-Brock, 1984; Luckenbach,
1986). When more then one tube are in close proximity, the 
effect on head gradients in the sediment around the tubes 
are additive (Figure 47). As the number of tubes per unit 
area increases the total flux across the interface 
increases linearly (Figure 48). With multiple tubes, 
vertical gradients in hydraulic head develop resulting in 
infiltration of water at high rates over the entire surface 
area.
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Figure 46. Flux of Water Across the Sediment-Water
Interface as a Function of Sediment Hydraulic 
Conductivity. uz = 1 m/sec
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Figure 47. Hydraulic Head Distributions in Sediment with 
Multiple Tubes. u2 = 1 m/sec. Hydraulic 
Conductivity of Sediments = 10“3 cm/s. 
Hydraulic Head Contour Interval = 0.2 cm
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Figure 48. Variation of Total Flux of Water Across the
Sediment Water Interface with Increasing Tube 
Spatial Distribution
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In areas of upward flowing groundwater where head 
increases with depth in the sediments the hydraulic gradient 
is uniform over the entire area (Figure 49). Passive 
ventilation of a tube distorts the head field and results in 
decreased head and focusing of channeling of the upflowing 
water toward the tube (Figure 50). With moderately high 
passive flux rates all the upflowing groundwater is 
discharged through the tube bypassing the interfacial 
region.
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Figure 49. Hydraulic Head Distribution in Sediments In
Area of Upflowing Groundwater Seepage
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Conclusions:
Passive ventilation by relict biological structures can 
result in large amounts of water being transported across 
the sediment-water interface and through the pore spaces.
The magnitude of this flux is significant compared to that 
induced by other mechanisms, and passive ventilation may be 
a major cause of flow across the interface. Passive 
ventilation may play a major role in chemical and physical 
processes within sediments, and should be considered when 
evaluating the interactions between sediments and the water 
column.
Passive ventilation can control the movement of 
groundwater across the sediment-water interface. Focusing 
or channeling of the seepage through relict structures can 
result in faster movement through the pore spaces decreasing 
exposure to processes acting in the interfacial zone. This 
may greatly reduce the effect of processes such as 
denitrification which effect dissolved species being 
transported from groundwater to surface water.
Active pumping rates are variable and species 
dependent. Flow rates have been reported in the literature 
for a variety of species including 2.14 mL/h for Clymenella 
torquata (Mangum, 1964);32 mL/h for Glycera dibranchiata 
(Hoffman and Mangum, 1970); and 42 mL/h for Nereis succinea 
(Kristensen, 1983). Calculated passive flows induced
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through relict tubes are similar in magnitude to active 
pumping rates, and passive pumping may be as important as 
active pumping for transporting water across the sediment- 
water interface and through sediment pore spaces.
Numerical models such as MODFLOW can be used to study 
the processes that induce and control the movement of water 
within benthic sediments, and can elucidate the contribution 
of passive ventilation to sediment-water flux. Flume and 
field experiments are required to verify the model solutions 
presented, but this approach can be used to understand 
observed effects, and to understand processes at the 
sediment-water interface.
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Chapter 6: Effects of Surface Water Movement on Seepage
Meter Measurements of Flow Through the 
Sediment-Water Interface
Abstract:
Seepage meters are widely used to measure the flux of 
groundwater into surface water bodies by direct subaqueous 
discharge across the sediment-water interface. Although 
seepage meters provide a quick and simple method for 
gathering information on the magnitude and direction of flow 
across the interface, data obtained often show large 
variability. Flume and field studies show that much of this 
variation can be due to the effect of flow of surface water 
across the meter, which alters the hydraulic head within the 
meter and induces augmented seepage flow. Surface water 
movement due to waves, currents or stream flow can reduce 
the hydraulic head in the meter by one centimeter or more, 
resulting in an erroneously high value of measured seepage 
flux. Covering the seepage meter collection bag to isolate 
it from flow in the overlying surface water can 
significantly reduce or eliminate this error.
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Introduction:
Exchange of water and solutes between surface water and 
interstitial water by transport across the sediment-water 
interface can have a great effect on water quality in both 
the surface water and groundwater. The discharge of 
groundwater directly into surface water by submarine seepage 
across the sediment-water interface is recognized as a major 
source of water and dissolved and suspended material (Freeze 
and Cherry, 1979; Johannes, 1980). Advective transport of 
surface water across the interface can be a major recharge 
source of groundwater (Freeze and Cherry, 1979).
Quantifying the magnitude and direction of water flow 
across the interface is difficult. Lee (1977) described the 
use of seepage meters to directly measure discharge of 
groundwater into surface water bodies. Seepage meters have 
been used to study seepage in a variety of systems including 
rivers and lakes (Lee and Cherry, 1978; Fukuo, 1991;
Schafran and Driscoll, 1993), near-shore marine systems 
(Bokuniewicz and Pavlik, 1990; Giblin and Gaines, 1990; 
Valiela et al., 1990), estuaries (Bokuniewicz, 1980; Lee, 
1977; Simmons, 1989) and canals (Carr and Winter, 1980).
A  typical seepage meter consists of the end section of 
a 55 gallon steel drum or other metal or plastic container 
that is placed at the sediment-water interface enclosing an 
area of the bottom (Figure 51). After the meter is placed
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on the bottom, a plastic bag is attached to a tube 
protruding from a stopper inserted into a hole in the top or 
side of the meter. The volume of water collected in or lost 
from the bag over time and the surface area of sediment 
surface enclosed by the meter are used to calculate the flux 
of water across the interface.
Several sources of error may contribute to inaccuracies 
in measurement and interpretation of flux across the 
interface determined using seepage meters. High spatial 
variability in flow characteristics and flow paths within 
sediments near the interface may cause poor repeatability of 
measurement (Schafran and Driscoll, 1993) . Effects of waves 
moving over the surface may alter hydraulic gradients within 
the sediments resulting in variations in fluxes {Shum,
1992). Seepage meter size and construction materials may 
also limit accuracy and precision of seepage measurements. 
Seepage flux has been shown to decrease exponentially with 
increasing seepage meter size (Kobayashi, 1983). The 
natural tendency of plastic bags to expand slightly can 
result in induced flow in the meter and erroneously high 
calculated discharge fluxes (Shaw and Prepas, 1989). This 
paper describes another potential source of error in seepage 
meter measurements that can result from flow in the
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Figure 51. Typical Seepage Meter for Measuring Flux of 
Water Across the Sediment-Water Interface
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overlying surface water, which alters the response of the 
seepage meter to hydraulic conditions within the sediment. 
An apparent seepage flux much greater than that resulting 
from natural hydraulic conditions can be induced if the 
plastic collection bag is exposed to flow in the overlying 
surface water.
Flow of surface water in streams or below waves or 
currents results in a decrease in pressure within the water 
as described in chapter 5. If a seepage meter is placed so 
that the plastic collection bag is exposed to surface water 
movement, the lowered pressure can be transferred to the bag 
and into the enclosed portion of the meter. This reduction 
in pressure, or head deficit, can induce flow through the 
sediment-water interface at a greater vertical velocity than 
would be expected from natural hydraulic conditions. This 
results in larger volumes of water flowing into the 
collection bag, and in calculated flux measurements that are 
greater than the natural flux under undisturbed hydraulic 
conditions.
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Methods:
Flume Study:
The effect of flowing surface water on seepage meter 
measurements was determined by measuring the variation of 
pressure within polypropylene collection bags (Glad® food 
storage bags) in flowing water in a recirculating flume. 
Water velocity was varied from 0 to about 60 cm/sec, and the 
resulting change in hydraulic head was measured.
The bags were partially filled with 300 mL of water, 
attached to 0.25 inch polypropylene tubing with a rubber 
band, mounted on a laboratory ring stand, and placed in the 
flume (Figure 52). The tubing was filled with water and the 
free end attached to a length of glass tubing mounted on the 
glass wall of the flume. Reduction in hydraulic head (dh) 
within the bag was determined from the difference between 
the level of water in the free end of the tube and hydraulic 
head due to the height of the water column as measured by 
the elevation of the water surface in the flume. The 
difference in head was read to the nearest millimeter with a 
ruler mounted on the flume wall next to the free end of the 
tube.
Water velocity in the flume was determined by measuring 
the time required for a vertical floating straw with a drag
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Figure 52. Polypropylene Seepage Meter Collection Bag
(Glad® food storage bag) Mounted in Flume to 
Measure Effect of Surface Water Velocity on 
Hydraulic Head, dh = Decrease in Head Within 
the Bag. u = Surface Water Velocity
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device at the level of the bag to pass between two laser 
beams placed 50 cm apart along the flume. A electronic 
timer was started by interception of the first beam and 
stopped when the straw broke the second beam. Ten 
measurements were averaged for each velocity determination.
Field Study:
Because flume tests indicated that a significant 
pressure reduction resulted from water flowing across the 
collection bag, field tests were designed to demonstrate the 
effect of head reduction on seepage meter measurements under 
realistic sampling conditions. A  seepage meter fitted with 
two holes and stoppers was placed in the York River near 
Gloucester Point, Virginia, in an area believed to have very 
low natural groundwater seepage rates. Two plastic 
collection bags were partially filled with 300 mL of 
deionized water and attached to the meter. One bag was 
covered with a steel can with several small vent holes to 
isolate it from surface water movement. The other 
collection bag was left exposed to surface water flow 
(Figure 53). Seepage velocity into each of the bags was 
measured after allowing seepage for about one hour. The 
salinity of the surface water and the water in each 
collection bag was measured to the nearest parts per
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Figure 53. Seepage Meter with Two Collection Bags, One
Exposed and One Covered by a Steel Can to 
Isolate it from Surface Water Movement
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thousand with a salinity refractometer (Reichert-Jung TS 
Meter). Measurements were made approximately hourly across 
one half of a tidal cycle.
After collecting seepage measurements with one bag 
shielded, the can was removed and the experiment was 
repeated with both bags exposed to flow in the overlying 
surface water.
The seepage meter with two collection bags was then 
placed in a different area of the river known to have high 
natural seepage fluxes and the flux into covered and 
uncovered bags was measured.
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Results and Discussion:
In the flume study, hydraulic head within the bag 
decreased as a function of the flume water velocity (Figure 
54). A  second order polynomial best fit of the data gave:
c 2 f t = 0 .  0 0 0 3  U2 - 0 . 0 1 1 8 1 u + 0 . 4 4 4  <21>
(r2 = 0.949), where dh is the decrease in head within the 
collection bag in cm and u is the mean surface water 
velocity in cm/s. This shows that the head within the 
collection bag decreases as a quadratic function of the 
velocity of the surface water flowing over the bag as 
expected. At flow velocities below about 20 cm/s, the 
difference in water levels in the flume and the tube could 
not be accurately measured.
In the field tests in the area with low natural seepage 
rates, seepage flux into the bag covered by the steel can 
was significantly different from the flux into the exposed 
bag (t-test, n=5 alpha = 0.001), as shown in table 7. With 
both bags exposed to surface water flow, the seepage fluxes 
into the bags were not significantly different (n=5 alpha 
=.001) Flow into the covered bag was low (mean=0.092 
mL/min, SD=0.15 mL/min), confirming that there was little 
natural groundwater seepage into the body of the meter. The
167
Figure 54. Effect of Surface Water Velocity on 
Hydraulic=Head in Seepage Meter Collection 
Bag Measured in Flume
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uncovered bag collected significantly more water (mean 
=3.29 mL/min, SD=1.30) as a result of seepage induced by 
exposure to movement in the overlying water.
The salinity of the water in the collection bags was 
consistent with that expected from mixing of the 300 mL 
deionized water initially placed in the bag with an amount 
of surface water (salinity about 18) necessary to make up 
the total collected volume. This confirms that the measured 
seepage was not due to groundwater flow, but was just 
surface water drawn around the bottom of the meter body and 
into the collection bag.
Results of field tests conducted in the area with high 
natural seepage rates are shown in table 8. In the covered 
bag, measured seepage flux ranged from 8.15 to 38.81 
cnvVm2/min, with a mean of 21.59. In the uncovered bag, 
fluxes ranged from 18.27 to 53.13 cm3/mVmin, with a mean of 
32.66. The induced seepage, calculated by subtracting the 
flux into the covered bag from the uncovered bag, ranged 
from 3.67 to 22.83 cm3/mVmin over the 12 hour sampling 
period.
170
Ta
ble
 
8. 
Se
ep
ag
e 
M
ea
su
re
m
en
ts
 
wi
th 
Co
ve
re
d 
an
d 
U
nc
ov
er
ed
 
Co
lle
cti
on
 
Ba
gs
 
in 
an 
Ar
ea
 
of 
the
 
Y
or
k 
Ri
ve
r 
wi
th 
Hi
gh
 
N
at
ur
al
 G
ro
un
dw
at
er
 
Se
ep
ag
e 
D
is
ch
ar
ge
in
du
ce
d 
Se
ep
ag
e 
V 
-V
¥ u
q 
w e
(c
m
3/m
2/m
in
)
COCsJ
0) 9.
23
11
.3
0 h*to
CO 17
.5
6 
||
22
.8
3 
|| II
Oito
to
o
0)
CO
r-
00
r-
id 14
.3
2
10
.2
3
6.
17
Fl
ux
U
nc
ov
er
ed
V
*
(c
m
3/m
2/
m
in
)
18
.2
7 00
CO•
r*T—
00o
id
cm 20
.2
5
31
.6
5
42
.2
6
33
.4
0
27
.6
9
50
.0
5
40
.0
7
53
.1
3
32
.6
6
12
.4
4
c
T3 *S
S 1i f  S > E
Q  E 
3
8.
95
8.
15
13
.7
8
16
.5
7
14
.0
9
19
.4
3
25
.6
7
21
.0
0
36
.1
5
34
.8
9
3 8
.8
1
21
.5
9
10
.9
1
V
ol
um
e
U
nc
ov
er
ed
(c
m
3)
10
25
1 
11
52
12
28
j 
13
01 00o00r— 23
71
o
r~
OCM 14
12 00o00CM 22
89
22
22
 
|
M
EA
N
SD
V
ol
um
e
C
ov
er
ed
(c
m
3)
50
2
54
0
67
5
10
65 ino
00 10
90
15
45
10
71
 
|
20
28
£66 L 16
23
Sa
m
pl
in
g
Ti
m
e
(m
in
)
in
in 56 48
II 
6
3 56 55 59 oin 55 toin 41
171
Conclusion:
The decrease in head within seepage meters that are 
placed in flowing systems may result in large errors in 
seepage flux measurements. Hydraulic gradients observed in 
natural systems with significant groundwater seepage are 
typically less than 1-5 cm/m. A  reduction in head within 
seepage meters resulting from the effect of movement in the 
overlying water can result in increases in hydraulic 
gradient of 50% or more. In areas with little or no 
groundwater seepage/ flowing surface water can induce 
hydraulic gradients below seepage meters and result in 
erroneous high measured flux values. Therefore care should 
be taken when using seepage meters to directly measure 
discharge of groundwater to surface water bodies. More 
accurate measurements of natural seepage fluxes can be made 
by covering the collection bag to isolate it from pressure 
gradients resulting from movement in the overlying water.
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